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ABSTRACT
Perfluorinated compounds (PFASs) such as perfluorooctane sulfonate (PFOS) and pefluorohexane sulfonate (PFHxS) are surfactants that were discovered to be persistent and potentially toxic in the environment and to humans. They were used in Aqueous Film Forming Foams (AFFFs) and in some household products due to their flame-retardant nature. As part of AFFF formulations they were used to fight fires, but the large volume required and their mobility as a liquid led them to be detected in a large number of waterways and animal tissues. They were voluntarily phased out by the manufacturer between 2000 and 2002 over concerns about their persistence and health effects. These same concerns have led to them being listed as a contaminant of emerging concern by the U.S. Environmental Protection Agency (US EPA) and the Organisation for Economic Co-operation and Development (OECD).
This project presents work with PFOS, and to a lesser extent PFHxS, on a variety of aquatic taxa, spanning a large section of the food web. Initially, my work involved figuring out an experimental setup to use with these chemicals, as they have been shown to sorb to glass. In the second chapter, I report a study using the Western mosquitofish (Gambusia affinis) in the laboratory, field collection of other fish species, and a literature review to develop a physiologically based pharmacokinetic (PBPK) model to predict the uptake of and depuration of PFOS into and out of several fish tissues. In that chapter, I also developed a spatially-explicit bioconcentration model that can be used to simulate the variability inherent in environmental exposures. Then, I present the result of toxicity tests over both an acute and sub-chronic exposure period with a snail, the great pond snail (Lymnaea stagnalis), and an insect, the yellow fever mosquito (Aedes aegypti). These tests are crucial for improving scientific understanding for a variety of reasons: acute toxicity tests are generally used by risk assessors to estimate the risk due to a chemical while chronic tests more closely approximate the environmentally relevant exposure length, due to the persistence of the chemicals. I found that none of the species evaluated exhibited toxic effects at environmentally relevant concentrations of PFOS. However, different life stages of L. stagnalis were affected differently by exposure. Further, I discovered that combining PFOS and PFHxS into a mixture increased the toxicity to A. aegypti in a manner greater than would be predicted by additivity. Finally, I present an analysis of the PFOS burdens of a marine invertebrate, the Eastern oyster (Crassostrea virginica), collected along the Texas coastline. The amount of PFOS found in these samples suggest that the phase-out of PFASs has been successful in decreasing environmental concentrations found worldwide. These results provide further insight for the scientific community about the behavior of PFOS and may allow risk managers to make more informed decisions relating to PFASs. 
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[bookmark: _Toc477278899]INTRODUCTION
	Per- and polyfluoroalkyl substances (PFASs) are a class of chemicals historically used for their surfactant properties. They were ingredients in flame-resistant fabrics, anti-stick coatings, and Aqueous Film Forming Foams (AFFFs), among other uses (Beach, et al. 2006). However, due to concerns regarding their persistence and bioaccumulation potential, the manufacturer agreed to cease production of several long-chain chemicals of this class, such as perfluorooctane sulfonate (PFOS), perfluorooctanoic acid (PFOA), and perfluorohexane sulfonate (PFHxS) by 2002. The persistence of the longer-chain PFASs in the environment is due to their structure – namely a backbone of carbon atoms tightly bound to fluorine atoms. No rapid breakdown processes have been identified in the environment, either from abiotic or biotic mechanisms (Beach, et al. 2006). In organisms, these chemicals predominantly accumulate in blood-rich tissues such as the liver. Once in an animal, they can cause a variety of adverse effects, including the activation of peroxisome proliferator-activated receptor alpha in the liver, disruption of the endocrine system, tumor proliferation, and the suppression of immune response (Fang, et al. 2013, Jensen and Leffers 2008, Wolf, et al. 2008). In the aquatic environment, PFASs are commonly found as mixtures, especially at those locations where their initial introduction to aquatic environments was through the use of AFFFs (Houtz, et al. 2013). The research in this dissertation focused on PFOS, one of the most consistently detected PFASs in environmental samples, and the frequently co-occurring PFHxS. PFOS has received considerable research attention although many data gaps remain while PFHxS has been infrequently studied. 
	To properly understand the potential ecotoxicity of a chemical, it is important to complete testing with a variety of species (Van den Brink, et al. 2006). These data can then be used to develop a species sensitivity distribution (SSD) that then can, in turn, be used to predict the risk a chemical may represent in the environment (Suter 2006). Therefore, in this dissertation, the toxicity of PFOS was assessed among aquatic species representing a variety of taxa, including a mosquito (Aedes aegypti), a snail (Lymnaea stagnalis), and a fish (Gambusia affinis). The toxicity of PFHxS to A. aegypti was also assessed. Although the primary method of assessing the toxicity of a chemical is through the use of an acute toxicity test (Cairns 1983), because PFOS is persistent, assays of longer duration are necessary to represent probable exposure in the field. As such, testing in this dissertation was completed at both an acute and, for L. stagnalis and A. aegypti, chronic duration. The chronic toxicity test results were then combined with published testing of similarly long-term durations to generate an SSD for PFOS. This was then combined with water concentrations collected in another study (Cochran 2015) and studies from the literature to complete a risk assessment of the potential for adverse effects to be observed in the environmentally relevant concentrations of PFOS. As PFASs commonly occur in the aquatic environment in mixtures, a chronic toxicity test for A. aegypti was also completed in this study utilizing a mixture of PFOS and PFHxS at a ratio observed in the environment.
	However, methods other than toxicity testing can also be utilized to develop an understanding of the risk and fate of a chemical. Two of these methods include the development of models that can predict the bioconcentration of the chemical in target organisms and the monitoring of sentinel species in the field. Accurate modeling allows researchers to make estimates of the potential concentration of the chemical in animal tissues, the time to reach maximum concentration, and to include processes such as animal movement or varied chemical exposure concentration, among other benefits (De Laender, et al. 2009). Sentinel species are important for ecotoxicology as they can provide information about the present amount, bioavailable fraction, and effects of pollutants (Basu, et al. 2007). This study also presents work related to these important concepts in ecotoxicology by developing a spatially-explicit bioaccumulation model for fish and updating an almost-two-decade-old study using an oyster, Crassotrea virginica, as a sentinel species.
	This study will expand knowledge of the toxicity of PFOS and, to a lesser extent, PFHxS, through a combination of testing methods, model development, and field research. The main question of this study was: What is the toxicity, accumulation potential, and risk of several perfluoroalkyl substances to a variety of aquatic taxa? The specific objectives of the study are addressed in the following chapters and were to:
1) Develop a laboratory testing setup that will maintain nominal exposure concentrations;
2) Determine the accumulation potential of PFOS to a ubiquitous, warm-water fish, G. affinis, and then develop a model that can predict accumulation into different tissues from water concentrations;
3) Determine the chronic toxicity to, and most sensitive life stages for a variety of important endpoints of, a freshwater snail, L. stagnalis;
4) Determine the chronic toxicity of PFOS, PFHxS, and a mixture of the two chemicals to the aquatic life-stage of a sensitive Dipteran, A. aegypti;
5) Determine the current body burden of PFOS in a sentinel species, the oyster C. virginica, found along the Texas coast; and
6) Complete an aquatic risk assessment for a bayou in Louisiana that is in proximity to former fire training areas and for which PFASs have been measured at high concentrations (ng/ml).
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ABSTRACT
	Per- and polyfluoroalkyl substances (PFASs) are a class of anthropogenic chemicals that were used widely for their surfactant properties. Perfluorooctane sulfonate (PFOS) is an example of one of these chemicals that has been found in biota and abiotic samples worldwide. It has recently been listed as a contaminant of emerging concern and therefore has been a focus of toxicological and environmental research. However, consistent PFOS exposure concentrations can be difficult to maintain in laboratory experiments, precluding accurate assessments of toxicity thresholds. In this study, I examined the effect that three types of aeration have on measured concentrations in exposure containers specifically designed for experiments with PFOS. A key finding was that aerating exposure tanks with standard aquarium sandstones contributed to a dramatic decrease in observed exposure concentrations while the use of pipette tips did not cause any changes in PFOS exposure concentrations. Additionally, observed exposure concentrations appear to start to vary, although not significantly, after four days of experimentation. Therefore, I recommend standardization in (1) the aeration methods of these experiments, (2) the frequency of water changes during these experiments, and (3) the details provided for how experiments are conducted.

INTRODUCTION
Laboratory-based ecotoxicological studies provide a means to assess chemical toxicity that would otherwise be difficult or impossible to explore in the field (Kohler 2002). Laboratory toxicity testing ostensibly provides researchers with the opportunity to control many aspects of experimental exposure conditions, thereby reducing the influence of unexplained variation (Falk and Heckman 2009). For this reason, it is of critical importance that researchers are cognizant of as many experimental details as possible, including those factors easily overlooked or assumed to be unimportant (Macleod, et al. 2009, Festing and Altman 2002). Experimental design elements such as food quantity and quality, the composition of the dosing and habitat media, and aeration method may have the potential to influence the nature of exposure and/or expression of toxicity. Aeration, however, has not been well studied with regard to its influence on chemical exposure and is primarily thought to be a concern only for very volatile chemicals.  
Perfluoroalkyl substances such as perfluorooctane sulfonate (PFOS) have had a variety of uses since their discovery (Clara, et al. 2008). However, they were found to be persistent and potentially toxic and so production was ceased (US EPA 2009a). Due to their relatively recent listing as a contaminant of concern (Sauve and Desrosiers 2014), laboratory experimental practices for these chemicals have not been standardized or even fully explored. Despite the knowledge that PFOS sorbs to carbon (Rayne and Forest 2009), many researchers do not specify experimental details in their methods. This is particularly important because using glass aquaria in experiments with PFOS can cause the actual exposure concentration of PFOS to be significantly lower than expected (Hansen, et al. 2001). In fact, water analysis guidelines specifically indicate the importance of using polypropylene or polyethylene plastic to reduce interactions with PFOS (US EPA 2009b).
	While conducting aquatic toxicity experiments with PFOS in the laboratory, decreasing PFOS concentrations were observed despite the use of exposure chambers made of polyethylene – a material that limits PFOS sorption. Therefore, I sought to determine whether aeration method was the cause of the decreased experimental concentrations. This work will establish a precedent for reporting the experimental procedures necessary for researchers working with PFOS and potentially other similar acting chemicals.

MATERIALS AND METHODS
	Experimental units were designed and built to conduct toxicity experiments with PFOS on a variety of aquatic organisms including fish and invertebrates. In the experiment reported here, no organisms were used as the focus was on characterizing PFOS concentration profiles through time. The experimental design was static-renewal including the use of a controlled, uni-directional-flow system to minimize disturbance during water changes, however, for the purposes of this experiment, no renewal of exposure media was conducted. Because of known problems with PFOS exposures in glass aquaria (US EPA 2009b), exposure water was housed in 5-gallon high-density polyethylene (HDPE) chambers (Figure II-1). These exposure chambers were constructed from large carboys with the tops removed to facilitate access. Aquaria constructed of HDPE were not commercially available. A polyethylene drainpipe was added and covered with a metal screen to prevent experimental individuals from swimming into the drain hole. A cross-linked polyethylene (PEX) tube was secured to one end of the exposure chamber so that input water would be forced to flow to the bottom of the container, thereby creating a flow to the drain that would span the entire container and theoretically force older water out of the drain during water changes. Water was added to the container from a HDPE header tank that drained through a flow-regulating valve attached to an HDPE tube, which was in turn fed into the PEX in the main exposure chamber. For this experiment, each tank was filled with 5 gallons of 1.0 µg/mL PFOS in moderately hard water.
	For the purpose of this experiment, six replicates of three different aeration types were evaluated. The aeration types were: no aeration, sandstone aeration, and pipette tip aeration. For the two conditions featuring aeration, air hoses were connected to a central aeration line. The aeration mechanism was then held in place by the tie used to hold the PEX tube in the tank such that the aeration (sandstone or pipette tip) was submerged in the tank. The entire sandstone bubbler was submerged while the pipette tip was placed approximately 1 cm below the water line, such that the chambers were aerated at an approximately equal rate, assessed visually. A 1 mL water sample was collected from each container approximately 5 cm below the water level in the middle of each tank every day of the 7-day trial.
For analysis of PFOS water concentrations, methods followed EPA guidelines for PFOS analysis (US EPA 2009a). Briefly, water samples were filtered using 0.2 µm regenerated cellulose filters into polypropylene LC vials. Each vial was also spiked with a small volume (100 µg/L) of internal standard (13C4-PFOS) to determine instrumental ion suppression. A Thermo Fisher Scientific Triple Stage Quadrupole Quantum liquid chromatography tandem mass spectrometer (LC-MS/MS) was used to quantify PFOS residue (as in US EPA 2009a). Separation was accomplished using a Gemini-NX C18 column (150 mm x 2.0 mm, 3 µm; Phenomenex), with gradient elution. The mobile phase consisted of methanol and 20 mM ammonium acetate in water, with a flow rate of 0.3 mL/min. Blanks of milliQ water and QC samples were run after half of the samples were complete and at the end of the run to check for instrumental error and matrix effects. The lowest calibration standard, 100 ng/mL, was used to determine the limit of detection (LOD).
The data did not meet the assumptions of parametric statistical tests, despite transformation. Therefore, Kruskal-Wallis rank sum tests were used to test for effects of aeration type on PFOS concentrations. Wilcoxon signed-rank tests were used to statistically compare aeration types on each day. For all statistical tests alpha = 0.05.

RESULTS
	Initial (time = 0) PFOS concentrations for the three aeration treatments were not significantly different from each other (p = 1.0 for all comparisons). Non-aerated tanks did not have a significant concentration change during the 7-d experiment (p = 0.7403). Tanks aerated with pipette tips did not have significant concentration change during the experiment (p = 0.3608). Tanks aerated by sandstones had significant concentration decrease during the 7-d experiment (p = 0.01076). Aeration with pipette tips resulted in an average final water concentration 91% of the initial after 7 days, while no aeration resulted in an average final water concentration 118% of the initial after 7 days.
	A significant change in the concentration of PFOS in exposure chambers was not observed until day 3, at which point the sandstone-aerated containers were significantly different from non-aerated containers. On days 4, 6, and 7, sandstone-aerated containers were significantly different from both non-aerated and pipette tip-aerated containers. On day 5, sandstone-aerated containers were only significantly different from non-aerated containers. Figure II-2 shows PFOS concentrations over time. 

DISCUSSION
	My results show that PFOS concentrations can vary dramatically depending on how air is delivered to the testing setup. For organisms that require aeration, these results suggest that very different exposure profiles may result depending on the aeration methods utilized. The observed decrease in concentration due to aeration with sandstones would be partially mitigated by frequent water changes but the concentration to which organisms would be exposed may still be below the nominal concentration. Because observed exposure concentrations decrease significantly below nominal concentrations when aerated with sandstones, I recommend the use of pipette tips when aeration is necessary for the test organism. Neither pipette-tip aerated or non-aerated tanks had significantly different concentrations from the initial concentrations at any time during the study. Therefore, depending on the organism used for the experiment, either of these methods may be appropriate for toxicity testing with PFOS. 
	The reason for the significant drop in water concentration from sandstone aeration is unclear. However, two potential explanations seem most probable: extra volatilization of PFOS from sandstone-aerated tanks or that PFOS bound to the sandstone aerators. The vapor pressure of PFOS is very low (0.000331 Pa @ 20º C, Giesy, et al. 2010), so volatilization of the compound is not expected to occur. More likely is that the decrease in PFOS concentration was observed due to the sorption of the chemical to the sandstone aerator. This may have occurred in a similar fashion as has been observed in experiments with glass aquaria (Hansen, et al. 2001), as sandstone and glass may both contain large amounts of silica (Suttner and Dutta 1986, Bansal and Doremus 1986). Sandstone grains are likely glued together in bubblers in a manner that may result in a large amount of interstitial space and therefore a large surface area within the bubbler. Research has shown that up to 6.0 µg of PFOS may sorb per square meter of silica (Tang, et al. 2010). Therefore, the large surface area of grains in a bubbler present PFOS with a large surface area for sorption and may be the cause of the observed decrease in experimental concentrations.
Failure to appropriately characterize exposure conditions with PFOS could result in significantly inaccurate estimations of effect thresholds and therefore an understanding of the risk posed by the chemical. Based on the error acceptable within the EPA method (US EPA 2009a) and the decrease in observed concentrations in sandstone-aerated containers in this study, nominal exposure concentrations may be up to two times greater than observed. Although risk assessments have generally concluded minimal risk due to PFOS exposure (Zushi, et al. 2012), poorly derived thresholds may be contributing to this conclusion. Crucially, the authors of the study reporting the most sensitive species evaluated (MacDonald, et al. 2004) characterized their exposure methods appropriately, including aeration method and water-change regime. Therefore, assessments based off of this most-sensitive endpoint are likely valid. 
A search for the term “PFOS” in the journal Environmental Toxicology and Chemistry returned 122 results (up to March 2017), of which 14 were studies that involved research with aquatic organisms requiring water changes or aeration. Of these 14 studies, ten did not specify one or more of these method details: whether their tanks were aerated, how often the exposure water was changed, or what type of container comprised their exposure tanks. A search of other journals, including Archives of Environmental Contamination and Toxicology and Environmental Toxicology and Chemistry, for similar experiments uncovered six additional manuscripts published in peer-reviewed journals between 2003 and 2013 that were missing one or more of the experimental details given above. Additionally, of the 20 total studies, four mentioned using glass aquaria in their experiments, which should be avoided according to EPA guidelines (US EPA 2009b).
Several of the manuscripts that were evaluated reported measuring PFOS concentrations at the end of their experiment only. It is important to verify exposure concentrations but the analytical method for PFOS may not always return accurate results (US EPA 2009a). Therefore, solely relying on analytical verification of nominal concentrations for PFOS is potentially problematic. This is because verifying observed concentration at the end of an exposure period does not provide any context for the initial concentration or the exposure profile during the experiment. For these reasons, I suggest that reporting research involving PFOS should include important methodological details, including the listing of the material from which exposure tanks are constructed, how the exposure media was aerated, how often the exposure concentration was verified, and how frequently exposure water was changed. Some of these recommendations fall within expected reporting for published manuscripts but I note that, in general, details regarding aeration are often limited to simply stating that exposure chambers were or were not aerated. 
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[bookmark: _Toc477279293]Figure II‑1. Example exposure chamber for experiments with PFASs, made of an HDPE carboy, drain, and standpipe, and a PEX water inflow tube. This image shows the pipette tip aeration method.
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[bookmark: _Ref473138263][bookmark: _Toc477279294]Figure II-2. The change in PFOS concentration in differently aerated containers over time. Sandstones containers marked with a single asterisk were significantly different from only the non-aerated containers, while those with double asterisks were significantly different from both containers on that day. Pipette and non-aerated containers were never significantly different from each other. Error bars represent the standard error.	

CHAPTER III
[bookmark: _Toc477278901]DEVELOPING A PERFLUOROOCTANE SULFONATE (PFOS) UPTAKE AND DEPURATION MODEL FOR FISH USING DATA DEVELOPED IN THE LABORATORY AND FIELD
ABSTRACT
Perfluorooctane sulfonate (PFOS) is a perfluoroalkyl substance that continues to receive considerable research. Aquatic organisms are of particular interest with regard to the ecotoxicology and fate of perfluorooctane sulfonate (PFOS) because these organisms have two potential pathways for PFOS exposure – via diet and water. Fish are especially important in aquatic systems because many represent higher trophic levels within the aquatic food web and serve as a potential exposure pathway to humans. However, considerable uncertainties remain regarding the extent that PFOS accumulates and depurates in different fish species. This project presents three, one-compartment bioconcentration models using a kinetic bioconcentration factor for uptake and depuration over time for PFOS in fish. The three individual compartments represented different tissues including muscle, blood, and liver. The uptake and depuration kinetics data used in the model were obtained from peer-reviewed sources as well as a study conducted in the laboratory. Field data on water and fish PFOS concentrations were also obtained from the literature and from studies at Barksdale Air Force Base, LA and used to assess model performance. The model predicts a hyperbolic accumulation of PFOS over time that matches patterns observed in uptake studies and indicates that accumulation in the blood and liver is approximately five times greater than accumulation in the carcass. The model also suggests that exposure to contaminated water is of greater importance to accumulation than from contaminated diet.  However, the factors derived from the data for rainbow trout (Oncorhynchus mykiss) do not predict the observed uptake and depuration rates for Western mosquitofish (Gambusia affinis). This discrepancy indicates that the rates are different for different fish species. I further developed a spatially-explicit bioconcentration model to account for exposure variability and tested this model with field-derived data. This model provided a range of final tissue concentrations instead of a single value and therefore may provide a better approximation of exposures in the environment. When parameterized with bioconcentration kinetics factors derived from O. mykiss, the model closely approximated observed concentrations in many fish species collected in the field. In this study, the derived kd was 0.0003696 
hr1, Ku equaled 70.4 L/kg/hr, and the BCF was 250 L/kg for G. affinis. 

INTRODUCTION
Ecological risk assessment is used in environmental management to aid in determining the hazards posed by manufactured chemicals (Suter 2006). Risk assessment is a comprehensive process that involves three major steps – problem formulation, analysis, and risk characterization (Suter 2006). As part of the analysis step, an understanding of the bioconcentration and the associated rates of chemical uptake and depuration of an animal provides valuable insight into chemical exposure and toxicity. These rates, once determined, can then be used to estimate the concentration of chemical that is expected to be found within an organism after exposure by collecting environmental concentration samples (McGeer, et al. 2003, Pan, et al. 2014, Burkhard 2003). Bioconcentration factors (BCF) represent perhaps the simplest method for relating environmental sample concentration to organism tissue concentrations (Barron 1990). A more sophisticated approach is the use of bioconcentration models that require uptake and depuration rates (Landrum, et al. 1992). Collectively, these models allow for the prediction of individual tissue concentrations based on the degree and route of exposure of an organism (McGeer, et al. 2003). In turn, this allows assessors to estimate the bioavailability of contaminants in the environment and their fate relative to organisms (van der Oost, et al. 2003). This information can also be used to predict exposure for organisms throughout the food chain indirectly exposed to the chemical via consuming exposed food items (Kannan, et al. 2005). These estimates also have importance for human health assessments because dietary intake may represent an important portion of the total exposure to a chemical for humans (D'Hollander, et al. 2010).
For chemicals in which a large body of research has been conducted, the information necessary to conduct risk assessments, including the parameters necessary for bioconcentration models, are commonly available in the peer-reviewed literature for a variety of species including fish (Arnot and Gobas 2006). However, for chemicals that have either recently been developed or are considered “contaminants of emerging concern,” such as perfluoroalkyl substances (PFASs), there is little to no information available to help risk assessors. Perfluoroalkyl substances are of particular concern as these chemicals have been found widely in various tissues of both humans (Olsen, et al. 2003, Kannan, et al. 2004) and wildlife (Giesy and Kannan 2001, Senthilkumar, et al. 2007). Moreover, there is concern regarding their toxicity: perfluorooctane sulfonate can cause a variety of adverse effects including tumor proliferation (Hoff, et al. 2003), decreased immune system function (Keil, et al. 2008), and lowered body weight (Seacat, et al. 2002), among others. Although a number of studies have failed to find significant adverse effects to humans exposed to PFAS (Fei, et al. 2007, So, et al. 2006, Eriksen, et al. 2010), other studies have indicated that the potential for adverse effects exists for human exposure (Washino, et al. 2009, Fei, et al. 2009). Due to this uncertainty, building and validating bioconcentration models that accurately estimate the rates of uptake and depuration of these chemicals in organisms is an important step in furthering scientific understanding of PFASs (Suter 2006) and may be used to streamline or focus site-specific risk assessments.
Perfluorooctane sulfonate (PFOS) is a member of the PFAS class of chemicals. It is commonly detected in surface waters worldwide (Loos, et al. 2007, Boulanger, et al. 2004) and is also environmentally stable, with a photolytic half-life of at least 3.7 years and a hydrolytic half-life of at least 40 years (Beach, et al. 2006). Additionally, PFOS has a large BCF in fish, potentially as great as 125,000 (Moody, et al. 2002). Unlike many other bioconcentrating chemicals that tend to be lipophilic, PFOS preferentially partitions to serum and blood-rich tissues such as the liver (Martin, et al. 2003). However, PFOS additionally accumulates in muscle tissue (Stahl, et al. 2012). Therefore, PFOS and potentially other PFASs present novel challenges in terms of understanding and predicting bioconcentration. 
Some of the uncertainty in predicting the fate and partitioning of PFOS can be reduced by the development of robust bioconcentration models. A successfully parameterized and vetted bioconcentration model will provide risk assessors with the ability to estimate organism concentrations with reasonable accuracy across a variety of water concentrations and organism taxa (Arnot and Gobas 2004).These models can be somewhat limited if a single exposure concentration is assumed but may be further refined by the inclusion of varying exposure concentrations, either spatially or temporally (Linkov, et al. 2002). One method of including multiple exposure concentrations is to develop a spatially-explicit model that simulates organism movement within landscape in which pollutant concentrations are heterogeneous. In this type of bioconcentration model, the organism is exposed to different concentrations of a chemical as it moves, thereby altering its burden and potentially yielding a more representative estimate of exposure and uptake. Spatially-explicit models have the benefit of reducing the number of variables that must otherwise be assumed to be constant or non-existent, such as animal movement and variation in contaminant concentration by location (Woodbury 2003), thereby adding to the realism of exposure estimates  (Wickwire, et al. 2011). Further, these models allow for robust sensitivity analyses to determine the most important variables in the simulation (Schmolke, et al. 2010).
Several field studies have shown elevated concentrations of PFOS and PFASs in surface waters and aquatic biota (Boulanger, et al. 2004, Giesy and Kannan 2001, Kannan, et al. 2005) but few efforts have been made to directly relate PFOS concentrations in these different system components. As part of a large, multi-objective study, several sampling events were conducted at Barksdale Air Force Base (BAFB) in which PFAS concentrations were determined in both water and fish samples (Lanza, et al. In press, Cochran 2015). At that site, sampling was completed along the length of Cooper’s bayou which is the surface water body adjacent to two former fire training areas. The concentration of PFOS in water at these sites ranged from 0.466 to 0.958 ng/mL, while the concentration in fish collected at the same area peaked at 6632 ng/g. 
The ultimate objective of this research was to develop a fish bioconcentration model that can accurately predict the concentration of PFOS in different fish tissues. I first conducted an uptake experiment with Western mosquitofish (Gambusia affinis), a warm-water species common to BAFB to yield additional PFOS uptake and depuration rates. I also reviewed literature to find several models with input variables for which I could find peer-reviewed data. I then tested these models for accuracy against published uptake data, uptake data from the G. affinis work in this study, field studies that included both fish concentrations and water concentrations of PFOS, and fish and water concentrations collected from BAFB. Finally, I generated a spatially-explicit model and explored whether the inclusion of spatial variation in PFOS concentration and a behavioral component altered model predictions. I discuss the results in light of the current literature, variation among species and habitats, and future research needs. 




METHODS
Uptake Experiment
Study Species: Western mosquitofish (Gambusia affinis)
	Gambusia affinis is a small, live-bearing fish of the family Poeciliidae. Importantly for this study, this species is found in warm-water habitats, and is generally found in great numbers at BAFB. It is well suited for laboratory studies due to its small size and ease of maintenance. Additionally, uptake data for PFOS for adults of warm-water species does not exist in the literature. 
Study fish were purchased from Carolina Biological Supply. They were maintained in the laboratory in glass aquaria such that there was no less than 0.5 L of moderately hard water per fish. Aeration was supplied constantly and fish were fed ad libitum with TetraMin fish food twice daily, with care taken to not over feed. Half-volume water changes were completed on each tank twice per week, at which time the sides of the tanks were scrubbed and accumulated waste matter was removed using an aquarium net. Water quality parameters (DO, pH, ammonium, salinity, temperature) were monitored daily and dead fish were removed at that time. 

Uptake Experiment Methods
A similar study to Martin, et al. (2003) was conducted to replicate their experimental conditions with a warm water species common to BAFB. For this purpose, G. affinis were exposed to 300 ng/mL PFOS for up to 288 hours, the same duration and similar concentration to Martin, et al. (2003). Exposure concentrations were verified for the first four days of the study only, after which time it was reasonable to assume that nominal concentrations were similar to expected without further testing. Experimental containers (for more information on the setup of these, see Chapter II of this dissertation) contained approximately 18.9 L of water and ten individual fish. As in maintenance tanks, aeration was supplied constantly, water quality was monitored daily, and fish were fed ad libitum twice daily, again, being careful to not over feed. Water changes were completed by slowly adding 18.9 L of water to the bottom of tank. The intent of this method was to cause the newly added water to force the aged water out through the drain, which was located at the water line on the other side of the tank. In this way, the expectation was that the majority of the volume of “old water” in the tank would be replaced during the water change. The speed at which water was added was variable between tanks and dependent on the size of the drain. The room in which the experiment was housed was on a 16:8 light:dark cycle and the water temperature during the experiment was recorded as 25 ± 2 º C. In addition to the PFOS-exposed fish, some fish were maintained in moderately hard water for use as controls. At each time point; 4.5, 9, 18, 36, 72, 144, and 288 hours; three replicates of PFOS-exposed fish containing 6 fish each were sacrificed in 1.5 g/L MS-222 buffered with sodium bicarbonate to a pH of 7 while one replicate of 6 control fish was also sacrificed at the same time. Fish were then rinsed with distilled water and blotted dry. They were then transferred to a -25º Celsius freezer for storage. After 288 hours, all remaining fish were transferred to moderately hard water, with exposed and control fish kept separate. They were then sacrificed in the same manner as above, including a control replicate consisting of fish that had not been exposed to PFOS, at the following time points: 292.5, 297, 306, 324, 360, 432, and 576 hours. After the conclusion of the experiment, fish were air dried for 48 hours and total dry mass was measured. 
Perfluorooctane sulfonate was extracted from whole fish using the QuECheRS method. Briefly, each sample of 6 fish was cut into pieces to increase surface area and then were added to a tube containing 4 g anhydrous magnesium sulfate and 1 g sodium chloride. Ten mL of acetonitrile and 2 mL of milliQ water were each added to the tube which was then closed, vortexed, and left on a shake table overnight. The tubes were then vortexed before being centrifuged at 0º C for 15 minutes. The supernatant was collected and transferred to a second tube containing 900 mg anhydrous magnesium sulfate, 300 mg PSA, and 150 mg C18. These new tubes were vortexed and centrifuged for 15 minutes. They were then placed in a -20º C freezer for at least three hours and the supernatant was filtered into a new tube through a 0.2 µm cellulose acetate syringe filter. Recovered volumes were recorded and the samples were evaporated to dryness. They were then reconstituted to 0.5 mL using methanol before being filtered using syringes attached to 0.2 µm cellulose acetate filters. The remaining liquid was transferred to polypropylene LC vials.
Each vial was also spiked with 100 µg/L of internal standard (13C4-PFOS) to determine instrumental ion suppression. A Thermo Fisher Scientific Triple Stage Quadrupole Quantum liquid chromatography tandem mass spectrometer (LC-MS/MS) was used to quantify PFOS residue (as in US EPA 2009). Separation was accomplished using a Gemini-NX C18 column (150 mm x 2.0 mm, 3 µm; Phenomenex), with gradient elution. The mobile phase consisted of methanol and 20 mM ammonium acetate in water, with a flow rate of 0.3 mL/min. Blanks of milliQ water and QC samples were run after half of the samples were complete and at the end of the run to check for instrumental error and matrix effects. The lowest calibration standard, 10 ng/mL, was used to determine the limit of detection (LOD), which was below the lowest sample concentration.
Uptake rate, depuration rate and bioconcentration factor were then determined using generalized linear modeling (GLM). The body burden and exposure concentration were the parameters used as inputs to the GLM and uptake and depuration rates, and bioconcentration factors, were determined from these. The intercept was set to 0 to provide a regression formula with the desired interaction between variables. The values determined this way were used directly in bioconcentration models in this manuscript (Liu, et al. 2011, Newman 2012; described below). All statistics and calculations were conducted using the R statistical software package (R Core Team 2016).

Bioconcentration Model 
	I conducted a literature review to identify the simplest fish bioconcentration models that would be suitable given the data commonly or likely to be available for PFOS. The data commonly available are generally limited to co-collected water concentrations and fish body burden at a single time point (e.g., Taniyasu, et al. 2003, Moody, et al. 2002, Labadie and Chevreuil 2011). There are few studies in which uptake and depuration have been determined for PFOS, however, a laboratory study published by Martin, et al. (2003) contains these data and calculated uptake and depuration rates, and a bioconcentration factor. I identified two uptake models that were suitable for the available data and that would address overall objectives (eq. 1 and eq. 2). Both models are one-compartment models that can be parameterized using the uptake and depuration rates from other compartments of the organism and then combined to make more complex models representative of the whole-body of the organism. The use of more complex, multi-compartment models was not available as the data necessary to derive the inputs for these models do not exist in the literature. Of the identified models, one predicts the concentration in the organism from both an uptake rate from water and a depuration rate in each tissue, both in mL/g/hr. The other model is based on both of those variables in addition to a bioconcentration factor that synthesizes a number of other rates, including respiratory exchange, fecal egestion, and metabolic biotransformation, into a single factor (Arnot and Gobas 2006). Both models also utilize a calculated half-life for PFOS in organisms, determined to be 288 hours (in rainbow trout, from Martin, et al., 2003). Each model provides a time course of tissue concentration estimates in mg/kg PFOS. 






	The equations for the models are presented below:
Model from Newman (2012):


	

Where Cf is the concentration in fish, Ku is the uptake rate, Cw is the water concentration, Kd is the depuration rate, Ci is the initial concentration in the fish, and t is time.
Model from Liu, et al. (2011):



Where BCF is the bioconcentration factor and other variables are as above.
	During the course of the study, these models were parameterized with both data generated by Martin, et al. (2003) and by the G. affinis uptake experiment described above. The code for these models appears in Appendix A.

Model Comparison to Data
	In order to streamline additional modeling efforts, I was interested in identifying which of the above models best approximated the data from Martin, et al. (2003). To accomplish this, the time series data from Martin, et al. (2003) were compared to the model output at each time point and the sum of squares were calculated. The model with the lowest value was used as the primary model moving forward.
I reviewed the literature to locate manuscripts in which both fish tissue concentrations and surface water concentrations were available. The water values for these data sets were used as model inputs and their output was compared to the published fish tissue concentrations. This served as an initial means of exploring the utility of the model. Here, I assumed that fish were exposed to constant PFOS concentrations for the duration of the exposure, as specified by the individual manuscript. For studies where samples were collected in the environment, I assumed constant exposure unless a time series of exposure concentrations was provided, and increased the duration time to a value well past what was necessary to reach an asymptote to estimate final PFOS tissue concentrations. Other values necessary to parameterize the model were chosen based on the organ for which burdens were reported, commonly the liver. For the comparison of the model to the data from Moody, et al. (2002), simulations were completed using the data generated in Martin, et al. (2003) and from the work with G. affinis in this study.
Additionally, I conducted a similar exercise with fish collected at Barksdale Air Force Base, Shreveport, LA, USA, along with co-located water samples (Cochran 2015). The measured PFOS water concentrations were used as the model inputs for water concentration and the model was run until output values reached an asymptote. The model output value for liver concentration was compared with body concentrations from fish collected at the field site. However, this approach assumes that exposure concentrations were constant, which is unlikely to be the case in the field.


Spatially Explicit Model
	The spatially-explicit bioconcentration model was generated in the freeware program NetLogo (Wilensky 1999), which is an individual-based modeling (IBM) platform. The purpose of the bioconcentration-IBM was to incorporate spatial (and temporal) variability in PFOS exposure concentrations and fish behavior. The model allows a variety of useful parameters to be easily changed, including the number of distinct concentration patches, the concentration mean and standard deviation of each patch, the number and behavior of animals, and the accumulation and depuration equations. The model also allows the user to specify a variety of output parameters, such as the average and maximum burdens accumulated by exposed animals. For simulations, I specified a number of fish that were randomly placed within the river and then moved randomly at each time-step, with the restrictions that they could not leave or “wrap around” the river and that they could not move more than than a specified number of patches from their initial patch. If their random movement path would have violated these rules, they were turned 180 degrees from their current trajectory and moved one patch in that direction. Although the size of an individual fish is similar to the size of a patch graphically in this model, the implication was not intended to be that the fish was the size of a patch. Therefore, fish were not prevented from occupying the same patch as other fish. A patch may represent any size as defined by the user but for the purposes of this modeling exercise represented approximately 30 m2. The time-step could also represent any length of time but in this exercise represented 1 hr. To calculate burden at each time-step, the bioconcentration equation generated from the data in Martin, et al. (2003) for uptake of PFOS into fish liver was used.
For the purpose of this work, two sets of experimental simulations were utilized. First, to evaluate the sensitivity of the model to changes in home range size, the model was initialized with a single fish in a river of five equally-sized patches, each with a different PFOS concentration. The concentrations chosen for these trials were 1, 2, 3, 4, and 5 ng/mL, in order from the top of the stream to the bottom (Figure III-5), with a standard deviation for all patches of 0.25 ng/mL. The movement range of the fish was altered, from the lowest range of 10 patches to the highest range of 50 patches. This upper range allowed the fish to traverse the entire stream during exposure. For each of these trials, the average exposure curve and the final liver burden, after 1000 time-steps, were recorded. Each home range size was simulated ten times. The code for this model appears in Appendix B.
For the second set of simulations, I sought to replicate the observed fish PFOS data from Lanza, et al. (In press) by basing the average and standard deviation of PFOS water concentrations on those determined during a single sampling event on Mack’s Bayou (see Cochran 2015 and Figure III-4). The bayou reaches chosen were contiguous and connected. Each of these reaches were given the same total fraction of area of river, and the patches within a section were chosen from a distribution defined by the mean and standard deviation of that river stretch (Figure III-7). Two subsets of these simulations were completed, one with the model parameterized with the data from Martin, et al. (2003) and the other with the model parameterized with the data generated by experiments with G. affinis from this study.
	To test the effect the spatially-explicit behavior model had on predicted PFOS liver burden of fish, the model was run several times while varying the number of fish present. I did this to observe the effect that changing the number of fish would have on the smoothness of burden over time figures and the final variability in burdens. The population size was set at either one, ten, or one-hundred fish, and three trials were used for each, with a limit of 2500 time-steps. Additionally, these trials utilized a home range limit of 10 patches equal to the length and width of each reach in the model. At the conclusion of each simulation, the final average liver burden and standard deviation of the distribution of burdens were noted. Further, these data were used to test the validitiy of the model, by comparing observed burdens from the field (Lanza, In press) with those predicted by the model using a Welch’s t-test.

RESULTS
PFOS Uptake Experiment
Gambusia affinis were exposed for 576 hours instead of the longer duration as in Martin, et al. (2003), which was unlikely to have impacted depuration rate estimates because that study found that depuration rate was constant over time. Perfluorooctane sulfonate body concentration for G. affinis was approximately 10 times less than predicted for the same experiment conducted by Martin, et al. (2003) with rainbow trout (Figure III-1) with a similar exposure concentration. Whole body concentration also apparently increased after the fish were moved to clean water although only the concentrations at 297 and 360 hours were significantly greater than the body concentration in the fish at 288 hours, determined by using a post hoc one-tailed Student’s t-test. The calculated kd was 0.0003696 hr-1, the half-life was 1875 hours, Ku equaled 2.93 L/kg/hr, and the BCF was 250 L/kg. The equation that most closely approximated the observed uptake was:

Where concentration is in ng/g, time is in hours, and with r2 = 0.5339. 

Model Comparison to Published Data
When compared to the data from Martin, et al. (2003) on PFOS in rainbow trout livers, the average sum of square of the difference between predicted values and the data of the bioconcentration factor-based model was 0.012, half as much as the difference of the rate-based model, 0.253 (Figure III-2, model inputs in Table III-1). Therefore, the BCF-based model based on Liu, et al. (2011) will be used throughout the rest of this paper for analyses. Both models provided very good estimates of PFOS bioconcentration and any insights obtained from the BCF-based model by Liu, et al. (2011) likely apply to the traditional, one-compartment bioconcentration model (e.g., Newman, 2012). 
After an accidental release of PFOS into Etobicoke creek, Moody, et al. (2002) collected water concentration data across a period of 21 days in addition to fish samples after 21 days. Using these data, I plotted the concentration change over time to generate best-fit equations for each of the major curve shapes to represent the instantaneous water concentration at any given time. These water concentrations were then input into the BCF-based model, using the rates derived by Martin, et al. (2003) for rainbow trout or those calculated from the G. affinis exposure of the current study, and the expected liver burden at the end of 21 days was compared to the sample values collected by Moody, et al. (2002). The concentrations predicted by the model parameterized with values from Martin, et al. (2003) and with the data generated with G. affinis in the current study were 95.6 µg/g and 47.4 µg/g, respectively. The samples collected by Moody, et al. (2002) had concentrations between 2 and 72.9 µg/g (mean ± s.d. = 26.5 ± 25.6 µg/g, see Figure III-3).
Fish were collected at Barksdale Air Force Base in Shreveport, LA, USA in August 2013. In addition to collecting fish, a water sample was collected from the overlying water at each location at the same time. These water concentrations, analyzed in triplicate, provided a range of values that were used as variable inputs into the BCF-based accumulation model parameterized with data from Martin, et al. (2003) or derived from the exposure of G. affinis in the current study to provide a range of potential values including 95% confidence intervals (for the data from Martin, et al. 2003 only). To predict the body burden after chronic exposure, the model was run for enough time-steps so that burdens reached an asymptote. The projected concentrations for the fish using the data from Martin, et al. (2003), 125-298 ng/g with 95% confidence intervals of 89-380 ng/g, were within the range of those observed in fish that are more benthic and at a lower trophic level, such as redear sunfish (148-321 ng/g) and yellow bullhead (144 ng/g) while under-representing the concentrations found in other fish such as longear sunfish (269-624 ng/g) and bluegill (415-750 ng/g) (Figure III-4). The range of concentrations projected using the data from G. affinis was 20.3 ng/g to 51.5 ng/g, below those of the fish previously mentioned. No G. affinis were reported for the August 2013 collection at Weapons Bridge by Lanza, et al. (In press), however, samples of the fish were collected at a different site (Upstream). Use of the water concentrations for this site from Cochran (2015) with the G. affinis rates developed in this study predicted a burden of 3.7-5.3 ng/g, compared to the observed concentrations from Lanza, et al. (In press) of 32.23-33.93 ng/g.

Spatially Explicit Model
The statistics pertaining to the final liver burdens of the fish in the varied home range simulation experiments are presented in Table III-2. The fish with the largest home range had the lowest average final liver burden and standard deviation (mean ± s.d. = 218 ± 74 ng/g). The average and standard deviation of burdens increased with decreasing home range size (mean ± s.d. = 328 ± 154 ng/g for the medium range, 414 ± 178 ng/g for the smaller range). 
For the results of the simulation experiments to explore fish bioconcentration from exposure concentrations representative of those measured at BAFB, the average and maximum liver burdens of fish for each of the trial runs parameterized with liver data from Martin, et al. (2003) are presented in Table III-3. The average values for all trials were similar (2703 – 2821 ng/g),. Figures showing minimum, average, and maximum liver burdens over the course of representative trials are presented in Figure III-8. When compared to the fish collected at BAFB by Lanza, et al. (In press), no significant difference was observed between the burdens estimated by the model for 100 fish and those observed in the field (p = 0.84) suggesting that the model may be used to predict receptor burdens in the environment with reasonable accuracy. When the spatially-explicit model was parameterized with the values generated by the current study with G. affinis, the final concentration was approximately 4 times less (658 ng/g with 100 fish).

DISCUSSION
In this chapter, I developed both a static accumulation and a spatially-explicit accumulation model to estimate the burden of PFOS in several fish tissues based on surface water concentrations. In general, the model outputs from all bioconcentration models developed and used were similar to body burdens observed in both laboratory and field studies. When using the same uptake and depuration parameters, both models provided equivalent outputs. However, the spatially-explicit model allows the user to vary multiple parameters with greater ease, including those that more accurately represent the realities of environmental exposure including different behavioral attributes. Therefore, the spatially-explicit model can simply be viewed as a more flexible model that more directly accounts for some environmental and ecological variability when estimating PFOS accumulation in fish tissues. 
The rate at which fish uptake PFOS is described using a second-order exponential curve and the rate at which fish depurate PFOS is described using a first-order curve dependent on the half-life of PFOS in the fish tissue. Bioconcentration factor, uptake rate, depuration rate, and the half-life of PFOS are dependent on the species of fish and also differ between tissues within a fish. Martin, et al. (2003) provided uptake and depuration results for a variety of organs. For each of these organs, using the BCF-based model more accurately predicted the data, justifying its use as the model for the prediction of burdens in the current study.
The toxicokinetic parameters derived by experimentation with G. affinis in the current study differed from those calculated for O. mykiss by Martin, et al. (2003). However, the tissues for which these parameters were determined differed between the two studies, and it would be expected that the burden in a whole-body sample would be less than that for tissues containing blood, as in Martin, et al. (2003). Many of the comparisons made in this study were of predicted values to those observed in livers, and therefore, for the majority of these predictions, use of the parameters for uptake into liver from Martin, et al. (2003) more accurately predicted final burdens than did the values generated in the current study. The exception to this was when the static-uptake model was compared to the data for a spill of PFOS (Moody, et al. 2002), and potential explanations for this difference will be discussed in the next section.

Model Comparison to Data
The static-exposure bioconcentration model, parameterized with data from Martin, et al. (2003), closely approximated the upper-value for PFOS in fish livers after the Etobicoke Creek spill, but most of the liver concentrations found by Moody, et al. (2002) were half of the predicted value or less. It is possible that this was due to three main reasons: 1) the fish for which the model successfully predicted the liver concentration represented a worse-case scenario, where the individual remained in the most concentrated section of the plume until collection, and/or 2) the BCF for the fish collected was less than what Martin, et al. (2003) found for O. mykiss, and/or 3) the BCF for the fish appearing lower when exposed to a very large concentration of PFOS. The first of these explanations appears less likely because, in some cases, fish are likely to express avoidance behavior when exposed to high concentrations of toxicants (Sprague and Drury 1969). Furthermore, the concentration of PFOS measured after the spill was greater than the LC50 for many species, indicating that any organisms exposed to the undiluted concentration were likely killed. However, the BCFs for different species are almost certainly different, as has been shown by a number of studies including this one (Franke 1996, Arnot and Gobas 2006). If the BCF for the species of fish captured by Moody, et al. (2002) was known, it’s possible that the model would have more accurately predicted the values seen after collection.
The prediction for body burden made by the static model parameterized with the data generated by experimentation with G. affinis from this study were closer to what was observed by Moody, et al. (2002). However, the body burdens from that study represent the concentration of PFOS in the liver of fish while the parameters generated in this study estimate the whole-body burden. Caution must be exercised when making comparisons between these tissues, since it has been shown that PFOS tends to concentrate in specific tissues, such as the liver (Martin, et al. 2003). If the model is assumed to predict burdens accurately, these results suggest that the majority of the fish collected by Moody, et al. (2002) likely did not receive peak possible exposure, because the estimates of whole-body burden are greater than those observed livers, for which the burden would be expected to be high. This might be due to a quirk of bioconcentration, in which the apparent BCF decreases as concentration increases (Franke 1996). This effect may be caused by adsorption binding sites being rapidly filled at high water concentrations, limiting the total amount of a chemical that may be bound during a short exposure period (Liu, et al. 2011).
Further evidence pointing to a different BCF, and therefore different equilibrium body burdens of PFOS, in different fishes comes from the field collections of Lanza, et al. (In press). The model predicted liver concentrations of PFOS in livers accurately for both redear sunfish and yellow bullhead but not for largemouth bass, longear sunfish, or bluegill. This could be due to BCFs that varied by the niche of the organism. Stable isotope analysis has shown that fishes such as those which were not estimated accurately by the model are generally found at a higher trophic level than those that were (Fry, et al. 1999). This is because these higher trophic level predators are accumulating PFOS both from their prey items as well as from the surrounding environment, and their prey items have a greater concentration of PFOS than do the prey items of organisms at a lower trophic level. This would also imply that the BCF of rainbow trout found by Martin, et al. (2003) likely underestimates burdens that would be seen in the environment, because the rainbow trout in that study were fed uncontaminated food items instead of their normal prey, which would increase PFOS intake. However, the whole-body burden predicted by the static model for G. affinis was a factor of 6-10 less than what was observed in the field by Lanza, et al. (In press). This difference suggests that more factors influence the burden in the field than simply a variation in the BCF of an organism (for example, see Borga, et al. 2004).

Uptake Experiment
The uptake and depuration of PFOS seen by G. affinis followed the same reaction orders as seen by Martin, et al. (2003) However, the calculated BCF for carcasses of G. affinis was four times less and the half-life was approximately five times longer than for O. mykiss. This is potentially due to one or more factors: different metabolism among species, the different body sizes of the species, different blood volumes, or different serum binding affinities for PFOS, among others. Therefore, it appears that bioconcentration models developed for a specific species may only be applicable for that species or closely related species, and perhaps only in the specific sampling conditions in which it was developed (Franke 1996, Arnot and Gobas 2006). Because of this potential for limited application of the model, it is important to test the model with other species and/or conditions to compare the functionality of the model across various conditions. By conducting additional experimentation, the model may be made more robust and universal and areas in which the model is lacking can be identified so future research can be done to address these issues. The scientific literature remains remarkably sparse with useful studies where fish burdens and water concentration were collected at the same time at the same location for PFASs. For example, Pan, et al. (2014), reports the average PFOS concentrations at each of 11 sites along contiguous river sections over several hundred km, but do not report the range for each of those collections. When the spatially-explicit model was initialized with water values from Tokyo Bay, collected by Taniyasu, et al. (2003), predicted liver burdens from the model ranged from 15 to 288 ng/g, comparable to the 38-558 ng/g collected in the field. This variation suggests that refining the model parameters, such as including avoidance behavior or including different BCF values, could further increase the predictive power of the model.
Interestingly, PFOS concentrations in G. affinis appeared to continue to increase for the first 18 hours after the individuals were moved to clean water. This pattern also appeared, but to a lesser extent, in the manuscript by Martin, et al. (2003) Since this was not due to continued exposure, some other factor must have been the cause. Potentially, this was due to a metabolic process by which fish were binding PFOS into a moiety while exposed and then reversing that binding once exposure ceased. A process of this type was noted by Jones, et al. (2003) who observed that PFOS has the potential to displace hormones from binding globulins within the serum of fish. However, Jones, et al. (2003) noted that this effect would only occur at relatively high concentration levels (i.e. greater than 100 mg/L). The exposure concentration for this experiment was less than that critical effect value, however, a similar effect may still have occurred in this instance. 

Spatially Explicit Model
Changing the home range of a single fish had several interesting effects on the liver burden uptake curve and final burden. A fish limited to moving no more than 10 patches was generally limited to a similar exposure concentration throughout the trial. Therefore, their uptake curves were generally logarithmic in shape. Fish with a greater range were more likely to reach a concentration much different from their initial exposure concentration. This was noted more for fish allowed to range throughout the entire river than it was for those with the middle-size range, as these were the only uptake curves in which burden noticeably dropped for an extended period of time (for example, see trial 2 of home range 50 in Figure III-6). The potential within the model to modify the home range indicates that this model can be utilized for both fish and water bodies of different sizes, because altering the home range can have the effect of either making the water body seem bigger or the fish seem smaller.
Importantly, the spatially-explicit bioconcentration model predicted body burdens after exposure that were within the values observed in fish collected at sites receiving exposure at BAFB (Lanza, et al. In press). For example, a single model simulation with 100 fish yielded liver burdens from 2021 to 4678 ng/g with an average value of 2816 ng/g, while fish livers collected at BAFB during the sampling period on which the water values were based had burdens ranging from 182.48 to 16,887.37 ng/g with an average value of 3347 ng/g. Importantly, a statistical comparison of these data indicated that they were not from significantly different distributions, although this is likely due to the large variability in burdens in collected fish. However, the spatially-explicit model generates an estimate of burden that is close to the average of those seen in the field. This suggests that the addition of varying exposure due to both spatial and behavioral processes improves upon the basic, static uptake model. Moreover, that variability exists within body burdens using the spatially explicit model is more representative of the reality of environmental exposure. Commonly, fish collected at a single site during a single sampling effort do not have the same chemical burden (for example, see Figure III-4 or Moody, et al. 2002). A key limitation to exploring the full utility of a spatially-explicit PFOS uptake model is that water concentration data may not be available in sufficient spatial and temporal detail. The study conducted at BAFB, for example, is the only one to my knowledge in which samples were repeatedly obtained from the same sites.
	The number of fish used to populate the spatially-explicit model had an impact on the results. The use of 1, 10, or 100 fish yielded a similar average body burden across all trials. However, the maximum burdens observed for the trials using 100 fish were greater than those with 10 fish and minimum burdens were less. These results indicate that the likelihood of a fish remaining in the patches with higher (or lower) exposure concentrations increases with an increase in the number of individuals in the trial. However, if fish were to express avoidance behavior towards PFOS, lower burdens than what are predicted by this model would be expected. Another benefit of the spatially-explicit model is the ability to include more parameters, such as habitat quality or population size, that improve the estimates of exposure for an organism (Hope 2000). However, as evidenced by the underestimation of exposure when only one individual was modeled, and discussed by Woodbury (2003), care must be taken when using spatially-exlicit modeling to ensure that the scenario modeled is representative of the reality of exposure and interpreted correctly in the face of uncertainty.
With further validation regarding the predictive power for a variety of species, the bioconcentration model could be a boon for human health risk assessments of PFASs. By developing a model that can predict the concentration of PFOS in fish muscle tissues with reasonable accuracy, estimates of potential human consumption can be made (for example, see Berger, et al. 2009). A useful model can cut out a potentially difficult and time-consuming step of the assessment process, collecting fish, and allow for a prediction of human exposure from a few water samples.

Summary
This study presents a method by which PFOS concentrations in several organs of fish can be estimated from surface water concentrations and duration of exposure. The bioconcentration model and variants presented herein allow for changing the concentration and duration of exposure to a single individual over time. By verifying the model with both peer-reviewed data and my own field and laboratory experiments, I determined that BCF, and therefore equilibrium PFOS concentration, tends to be determined by an organism’s life history traits. Fish at a higher trophic level will have greater body burdens of PFOS. Further, I noticed that the concentration of PFOS in an organism may appear to increase after exposure is ended, and hypothesized that this may be due to the termination of PFOS binding to globulins in serum. Further research to validate the model with different fish species is important to determine the BCFs for a variety of trophic levels and to further elucidate the pattern of increasing PFOS body burden after exposure ceases. Additionally, the determination of fish tissue burdens at a single site over time would provide insight into the variability of exposure, uptake, and the heterogeneity of environmental PFOS concentrations in water bodies. Given that PFASs often occur in mixtures in the environment (Cochran 2015, Liu and Avendano 2013), research investigating the bioconcentration rate of PFAS mixtures would also provide valuable information necessary to predict organismal burdens. Although it may currently be used to approximate exposure in real-world scenarios with some accuracy, with these refinements, the spatially-explicit model may be utilized to predict exposures across a wider range of exposure concentrations and fish species.
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[bookmark: _Ref472950103][bookmark: _Toc477278984]Table III-1. Inputs for liver from Martin et al. (2003) used to parameterize static bioaccumulation models in order to select a model for continued use and development.
	Variable
	Time steps (hr)
	PFOS water concentration (mg/mL)
	Uptake rate (L/kg/d)
	Elimination rate (1/d)
	Exposure time (hr)
	BAF (L/kg)
	Half-life in tissue (hr)

	Value
	1080
	0.00035
	260
	0.05
	288
	5400
	336




[bookmark: _Ref472950394][bookmark: _Toc477278985][bookmark: _Ref472497257][bookmark: _Ref472499756]Table III-2. Relevant statistics relating to the liver burdens of fish with different home ranges in ng/g after 1000 time-steps using the spatially-explicit behavior model. 
	Home range size (patches)
	Minimum trial liver concentration
	Average trial liver concentration
	Maximum trial liver concentration
	Standard deviation of trial burdens 

	10
	113
	414
	585
	178

	30
	186
	328
	582
	154

	50
	145
	311
	592
	133




[bookmark: _Ref472497378][bookmark: _Toc477278986]Table III-3. Minimum, average, and maximum liver burdens of fish in ng/g after 2500 time-steps using the spatially-explicit behavior model. The final column shows the smallest minimum and largest maximum of all trials. Only one value is presented for the single-fish trials as all values were the same. See Figure III-7 for the inputs chosen for the model.
	Number of fish in trial
	Trial 1 average (minimum – maximum)
	Trial 2 average (minimum – maximum)
	Trial 3 average (minimum – maximum)
	Mean of all trials – average (minimum – maximum)

	1
	2572
	3041
	2865
	2826

	10
	2656 (1821 – 3340)
	2914 (2278 – 3671)
	2538 (1883 – 3345)
	2703 (1821 – 3671)

	100
	2628 (2049 – 3911)
	2690 (1799 –4143)
	2816 (2021 – 4678)
	2711 (1799 – 4678)
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[bookmark: _Toc477279295]Figure III-1. The whole-body concentration of PFOS in Gambusia affinis. The fish were dosed with 300 ng/mL PFOS for 288 hours, at which point they were moved to un-dosed water. The left side of the figure, shaded red, represents the time period during which fish were in dosed water, while the right side, shaded blue, represents the time period during which fish were not in dosed water. The solid line represents the curve of best-fit, derived by generalized linear modeling.
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[bookmark: _Ref472945169][bookmark: _Toc477279296]Figure III-2. The models generated by using the inputs from Martin et al. (2003) versus the data generated by Martin et al. (2003) in the livers of Oncorhynchus mykiss. The rate-based model is shown in green and the bioconcentration factor-based model is shown in blue. The sum-of-square difference between the model prediction and the data is less for the bioconcentration factor-based model. In this example, fish were given a constant exposure until 288 hours, at which point they were transferred to un-dosed water.
[image: ]
[bookmark: _Ref472945539][bookmark: _Toc477279297]Figure III-3. The projected PFOS-tissue concentration for fish after an accidental spill into Etobicoke creek using water concentrations measured by Moody et al. (2002). The projected tissue concentration was generated using a bioconcentration factor-based model. Samples were collected 21 days after the spill. The red curve is the output for the model parameterized with data from Martin, et al. (2003) for uptake into the liver of Oncorhynchus mykiss. The blue curve is the output for the model parameterized with data generated by the current study for uptake in the whole carcass of Gambusia affinis.
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[bookmark: _Ref472945556][bookmark: _Toc477279298]Figure III-4. The liver concentrations for several species of fish collected at Barksdale AFB in Shreveport, LA. All fish in this plot were collected during an individual sampling effort in August, 2013 at a single location, the Weapons Bridge site. The solid horizontal lines are the upper and lower bounds for concentration predicted by a bioconcentration factor-based model and the dashed horizontal lines are the 95% confidence intervals for the upper and lower bounds. 
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[bookmark: _Ref472950321][bookmark: _Toc477279299]Figure III-5. A graphical representation of the spatially-explicit behavior model with the “river” setup to test the effect of a varied home range. The water concentration values are represented here by the shade of blue, with a darker blue representing a greater concentration of PFOS.
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[bookmark: _Ref472951540][bookmark: _Toc477279300]Figure III-6. Representative graphs of fish liver burden across each trial by time-step (ticks) using the spatially-explicit behavior model. Each set of trials used different home ranges, and for each trial the starting location of each fish was randomly assigned. 
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[bookmark: _Ref473372950][bookmark: _Toc477279301]Figure III-7. Graphical representation of the spatially-explicit behavior model with exposure concentrations chosen from Cochran (2015). Each panel shows a setup for one of the trial runs, containing either one, ten, or one hundred fish (here, from left to right). Each “river” is divided into five sections of equal length, visually separated by thick black lines. The water concentration values are given to the right of the figure, and represented here by the shade of blue, with a darker blue representing a greater concentration of PFOS.
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[bookmark: _Ref472499476][bookmark: _Toc477279302]Figure III-8. The graphs of the minimum, average, and maximum fish liver burdens across a representative trial by time-step (ticks) using the spatially-explicit behavior model. Each trial used randomly selected water concentrations for each patch from a distribution for that river section (see Figure III-5), and for each trial the starting location of each fish was randomly assigned.  
CHAPTER IV
[bookmark: _Toc477278902]AGE-SPECIFIC EFFECTS OF SUB-CHRONIC EXPOSURE TO PERFLUOROOCTANE SULFONATE (PFOS) IN THE GREAT POND SNAIL (LYMNAEA STAGNALIS)
ABSTRACT
	Per- and polyfluoroalkyl substances (PFASs) are emerging as important aquatic pollutants and a benthic oligochaete has been identified as the most sensitive species to a particularly common PFAS, perfluorooctane sulfonate (PFOS). Benthic invertebrates are a crucial component of the food web of freshwater aquatic communities. However, few benthic species are traditionally used in toxicity testing leaving an important knowledge gap in understanding effects of chemical stressors on aquatic systems. The great pond snail, Lymnaea stagnalis, is an example of a benthic invertebrate that was not commonly used in toxicity tests but is emerging as a candidate species for use in toxicity testing. Because the species is relatively long-lived, identifying critically sensitive life stages may facilitate future testing with this species. To address these data gaps, I exposed each of five different age classes of L. stagnalis to PFOS for 21 days and measured multiple endpoints, including growth, food consumption, survival, reproduction, PFOS uptake, and metabolism. The 96-hr LC50 for adults was 196 µg/mL (ppm), indicating that snails are one of the less sensitive organisms. However, the sub-lethal endpoints for many age classes were significantly altered by PFOS at concentrations well below the 96-hr LC50. For example, the 3-6 week age-class had significantly different masses, lengths, and carbohydrate concentrations after three weeks of exposure. Other significant effects were observed in pre-adult snails, including mortality in the 6-9 week age-class and total length in the 9-12 week age-class. The survival and number of eggs produced per egg mass of adults were also significantly altered by PFOS. Bioconcentration of PFOS within the adult age class was concentration dependent and increased logarithmically with increasing concentration. The accumulation results suggest that bioconcentration factors are concentration-dependent, as has been suggested elsewhere, perhaps due to a limited number of binding sites for PFOS within an organism. This study provides evidence that sub-chronic, age-class specific toxicity testing with L. stagnalis can provide important toxicological information.

INTRODUCTION
	Per- and polyfluorinated compounds (PFASs) have been classified as contaminants of emerging concern due to their potential to cause adverse effects to human health or the environment (Dodder, et al. 2014). The potential for PFASs to cause adverse effects is, in part, due to their persistence in the environment and resistance to biodegradation processes (Beach, et al. 2006). A particular PFAS that has received considerable attention in the scientific community is perfluorooctane sulfonate (PFOS). This compound was used in a variety of products, including textiles, metals, and Aqueous Film Forming Foams (Xie, et al. 2013). Due to concerns about the toxicity of the chemical, production of PFOS was voluntarily ceased by 2002 by the main producer, 3M (Olsen, et al. 2007). Despite the phase-out, PFOS continues to be detected and measured in environmental samples, including in areas geographically distant from those in which it was used (Martin, et al. 2004). Perfluorooctane sulfonate has also been detected in wildlife (Giesy and Kannan 2001, Senthilkumar, et al. 2007) and humans (Inoue, et al. 2004, Joensen, et al. 2009), adding to the concerns that this chemical may cause adverse effects. Since its emergence as a chemical of concern, much research has been conducted on the potential toxicity of PFOS, however, considerable uncertainty remains. For example, little work has been conducted evaluating the chronic toxicity of PFOS to aquatic species which are among the most likely to be exposed.
	While the vast majority of toxicological data for PFOS is focused on human health, a reasonable amount of ecotoxicological data is available. Currently, the most sensitive aquatic species to PFOS is Chironomus tentans. An acute EC50 for growth was established as 87.2 µg/L and a chronic NOEC for survival and growth of 2.3 µg/L was also identified (MacDonald, et al. 2004). Other studies (Boudreau, et al. 2003, Hagenaars, et al. 2008, Li 2009, among others) evaluated the sensitivity of a number of aquatic taxa to acute exposures of PFOS but the lowest effect level from these studies was a 48-hr NOEC for immobility of 0.8 mg/L in Daphnia magna. Additionally, some studies have evaluated the toxicity of PFOS to aquatic organisms over chronic exposure durations (Du, et al. 2009, Wang, et al. 2011, Ji, et al. 2008). Some of the acute thresholds identified by these studies are below observed extreme environmental concentrations such as those following an accidental spill of Aqueous Film Forming Foam (AFFF), which had PFOS as a key ingredient (i.e., a maximum of 2.21 mg/L from Moody, et al. 2002). However, extreme water concentrations like those found as a result of a spill are not maintained for long in moving bodies of water and so exposure over a longer term is more representative of what might be seen for the majority of potentially exposed aquatic organisms. Water concentrations maintained in the environment are generally in the range of 10 pg/L to 200 ng/L but may occasionally be as high as 10 µg/L (Ahrens, et al. 2010, Hansen, et al. 2002, Harada, et al. 2003, Jin, et al. 2009, Cochran 2015). To date, few studies have identified chronic toxic effects at what might be considered environmentally relevant concentrations (particularly for benthic macroinvertebrates as in MacDonald, et al. 2004, Van Gossum, et al. 2009, Bots, et al. 2010), while many more have not (Zhang, et al. 2014, Boudreau, et al. 2003, Li 2010, Drottar and Krueger 2000, Cui, et al. 2016, Wang, et al. 2011, Ankley, et al. 2004, among others). Hence, available toxicity and environmental monitoring data suggest a potential overlap of exposure and effects thresholds and therefore risk, but more data and approaches would allow refined risk estimates.
Chronic toxicity studies are particularly relevant for PFASs like PFOS because the chemical is not easily degraded by environmental or biological processes (Hekster, et al. 2003). There are a general lack of studies evaluating chronic toxicity for PFOS that must be addressed in order to increase our understanding of the risk the chemical poses for a number of species (Giesy, et al. 2010). The lack of toxicity data for PFOS requires risk assessors to calculate screening reference values using conservative methodology that necessitates a variety of assumptions (Beach, et al. 2006). However, the conservativism of these values can be decreased, and therefore the accuracy of these values increased, through the inclusion of toxicity data for more species (US EPA 1995). Further, due to the persistence of PFOS, it is important to complete toxicity studies using multiple life stages of organisms, such as in Wang, et al. (2011). This is especially important for PFOS, because exposure to PFOS may result in different effects depending on organismal life stage at exposure (Bots, et al. 2010).
	Benthic invertebrates, such as gastropods, are often crucial to the ecosystems in which they live. They contribute to necessary processes such as cycling nutrients and may occupy a number of niches within the food web (Covich, et al. 1999). For this reason, although snails are not traditionally studied in toxicity testing (but see Ducrot, et al. 2014 and new guidelines: OECD 242 and 243 (OECD 2016a, OECD 2016b)), toxicity data for these animals can provide important information about the effects a chemical may have on the aquatic community. In this study, a representative species of gastropods, the great pond snail (Lymnaea stagnalis), was chosen as the test organism. Lymnaea stagnalis were used for several reasons, including that their habitat range includes Canada and Europe, areas in which PFAS-containing AFFFs were used, and that they are easily maintained in a laboratory setting. Furthermore, experiments may be carried out across a set of defined life-stages (Ducrot, et al. 2010b) and for a variety of endpoints, including reproduction, food consumption, growth, metabolism, and toxicant uptake (Coutellec and Lagadic 2006, Barsi, et al. 2014, Ducrot, et al. 2010a). It is likely important to identify the most sensitive life stage for continued toxicity testing with L. stagnalis because the species has a relatively long lifespan (up to 2 years in the field) with distinct life stages (Ducrot, et al. 2014).
	The objectives of this research were twofold: 1) to determine the toxicological effect of PFOS on L. stagnalis by evaluating multiple endpoints including growth, food consumption, total reproduction, reproductive viability, and metabolism (as expressed by the amount of carbohydrates, proteins, and lipids within the organism) across five separate life stages (0-3 weeks old, 3-6 weeks old, 6-9 weeks old, 9-12 weeks, old, and adult (>12 weeks old)); and 2) to calculate the total uptake of PFOS by adult L. stagnalis. I hypothesized that toxicological effects would not be observed at environmentally relevant concentrations and that the youngest age-class would be the most sensitive. These data can be used to inform future experiments with L. stagnalis while also contributing to our understanding of PFOS toxicity to an additional aquatic invertebrate species.

METHODS
Organism Culture
	Lymnaea stagnalis used in this experiment were randomly selected from the appropriate age group from a snail culture maintained at Texas Tech University. The original snails for the culture were received from the University of Miami in 2013. The culture was maintained in 20 L glass aquaria, in aerated synthetic fresh water (hereafter referred to as lab water, 13.38 g CaSO4, 5.6 g MgSO4, 0.25 g KCl, and 2.95 g NaHCO3 to 50 L deionized water (US EPA 2002)) that was changed several times per week using the static-renewal method. Cultures were fed raw organic romaine lettuce ad libitum. 



Toxicity Testing
Acute toxicity tests were initially completed to determine the concentrations used for longer duration tests. Exposures during the acute tests were 96-hours while sub-chronic tests were of a 21-day duration. The procedure for the longer tests were based off of a tiered toxicity testing strategy modified from Ducrot, et al. (2010b). The snails used by Ducrot, et al. (2010b) took 21 days to grow between life stages in their laboratory and reached adulthood and began reproductive activity at 8 weeks. However, observation of L. stagnalis in our laboratory showed that snails took approximately 12 weeks to become reproductively active. Therefore, in order to follow the methods of Ducrot, et al. (2010b) as closely as possible, I kept the experimental length of 21 days per test but utilized five age classes instead of four. As such, the experimental animals were divided into four pre-adult groups of ages equal to the length of the experiment (i.e., 0-3 weeks, 3-6 weeks, etc.) rather than dividing L. stagnalis by length as in Ducrot, et al. (2010b). In this way, snails of all ages leading to and including adulthood were used in testing.

Range-Finding Tests
	Stock solutions of PFOS were prepared by dissolving between 0.2000 and 0.2010 g of the chemical powder in 1.00-L of lab water, which is well below the solubility limit of 498 mg/L (Beach, et al. 2006), and placing the HDPE bottles on a shaker overnight. This stock solution was then diluted as necessary to obtain the final exposure concentrations. Exposure concentrations were measured initially and after three days for verification (see Chapter II). For these acute exposures, tests were completed using adult and 0-3 week-old snails, fed raw organic lettuce ad libitum, maintained in incubators at 20º C, and covered with plexiglass. The test with adults was initiated by placing five individuals in each of two replicates in each of seven exposure concentrations (0, 15, 30, 60, 125, 200, and 250 µg/mL (ppm) PFOS in 1-L total of exposure water and deionized water). The test with 0-3 week old snails included 10 individuals in each replicate and concentrations of 0, 12.5, 25, 50, 100, 150, and 200 µg/mL PFOS. Dead individuals were removed daily. After 96 hours, the remaining living snails were counted.

Life-Stage Experimental Procedure
	Stock solutions of PFOS were prepared as in the range-finding tests. As the goal of these experiments was not immediate mortality for most of the individuals in any treatments, the maximum concentration was set equal to half of the NOEC from the range-finding tests, and was, therefore, 50 µg/mL. To ensure minimal variation between concentrations, the same stock solution bottle was used for the lowest concentrations (1.5, 3, and 6 µg/mL). During the initial life-stage experiment, nominal concentrations (0.0, 1.5, 3, 6, 12.5, 25, and 50 µg/mL) were verified by collecting a 1-mL sample of exposure media at experiment initiation, before and after a water change at 3 days, and before and after the water change at 7 days. These were verified using instrumental analysis, as described at the end of the next section. However, this method permits accepting observed concentrations within a factor of 2 as being equivalent to nominal concentrations (US EPA 2009). Due to the lack of precision inherent in this method, the nominal concentrations of experiments will be referenced in this document rather than measured values. 
Experiments were conducted in incubators set to 20º C, which did not vary more than 1º C during the course of the studies. For each study, individuals of the appropriate age group were randomly selected from the culture tanks, impartially assigned to treatment groups, and then weighed and either photographed on top of millimetric paper for the purpose of measuring their length or measured with calipers. They were then placed into their exposure containers, which were 1-L tripour polyethylene beakers. Once all snails were processed in this manner, all experimental units were amended with the appropriate PFOS amount, to bring the total volume of liquid in each container to 1-L. This volume was slightly below the top of the container, so spillage was not a concern. Finally, each replicate received lettuce that had been soaking in lab water overnight. The extra step of soaking overnight was taken to ensure that lettuce removed and weighed at the end of a feeding period had similar proportion water compared to lettuce initially added. Containers with adults received approximately 2.5 g of lettuce, while other age-classes received 2 cm2 (2 cm x 1 cm) pieces. Prior to being placed in an experimental unit, each piece of lettuce was blotted dry and then weighed. The exposure containers were randomly assigned to a shelf in the incubator and also randomly assigned a place on that shelf. To decrease evaporation and prevent snail escape, containers were covered with plexiglass which was held in place using wooden blocks.
Each life-stage experiment was monitored daily at 1600 hours, except for the days during which the water change occurred at 1100 hours. Water changes occurred every 3.5 days, at which time the snails would be observed as normal before the exposure water was poured through a net. Exposure containers were then cleaned with a KimWipe before the snails were returned. The appropriate amount of water, PFOS, and lettuce was then added to each container. Care was taken to avoid as much stress as possible for the snails during this period, as well as to avoid leaving snails in non-treatment water for longer than necessary (less than 30 minutes per change). At each monitoring period, the number of snails alive and the number of egg masses (for relevant life stages) were observed in each container. Additionally, the lettuce was replaced with an amount similar to the initiation of the experiment daily (for adults) or every other day (for the other age-classes). Removed lettuce was blotted dry and weighed. The first three egg masses from each container and the first three collected on or after the fifteenth day of the trial were counted under a dissecting microscope to determine the total number of eggs, placed in lab water, and returned to the incubators to assess hatching success. Subsequent, additional egg masses were counted to determine the total number of eggs in each mass and then discarded. At the conclusion of the experiment, the remaining snails were again weighed and either photographed on top of millimetric paper for the purpose of measuring with the exception that adults were directly measured with calipers. They were then placed in storage containers and frozen at -80º C until processing for macronutrient or PFOS content. Shell length from digital images was measured using the free program, imageJ.


PFOS Uptake Analysis
Adult specimens were used for PFOS uptake testing, accomplished through a multi-stage process. First, samples were dried for 48 hours at room temperature in a laboratory hood. Their dry weight was obtained and, if enough mass did not exist for the extraction method, snails were combined into samples of approximately equal mass. If this step was necessary, snails were grouped with others from their exposure concentration. Otherwise, snails were kept with the other individuals from their initial replicate. All samples were at least 1 g-dw. They were then processed via the QuEChERS method. Briefly, the dried samples were cut using laboratory scissors to increase surface area and then were added to a tube containing 4 g anhydrous magnesium sulfate and 1 g sodium chloride. Ten mL of acetonitrile and 2 mL of milliQ water were each added to the tube which was then closed, vortexed, and left on a shaker table overnight. The tubes were then vortexed before being centrifuged at 0º C for 15 minutes. The supernatant was collected and transferred to a second tube containing 900 mg anhydrous magnesium sulfate, 300 mg PSA, and 150 mg C18. These new tubes were vortexed and centrifuged for 15 minutes. They were then placed in a -20º C freezer for at least three hours and the supernatant was filtered into a new tube through a 0.2 µm cellulose acetate syringe filter. Recovered volumes were recorded and the samples were evaporated to dryness. They were then reconstituted to 0.5 mL using methanol before being transferred to microcentrifuge tubes containing 0.2 µm cellulose acetate filters. These were spun for 2 minutes at 4500 rpm and the remaining liquid was transferred to polypropylene LC vials.
Each vial was also spiked with 100 µg/L of internal standard (13C4-PFOS) to determine instrumental ion suppression. A Thermo Fisher Scientific Triple Stage Quadrupole Quantum liquid chromatography tandem mass spectrometer (LC-MS/MS) was used to quantify PFOS residue. Separation was accomplished using a Gemini-NX C18 column (150 mm x 2.0 mm, 3 µm; Phenomenex), with gradient elution. The mobile phase consisted of methanol and 20 mM ammonium acetate in water, with a flow rate of 0.3 mL/min. Blanks of milliQ water and QC samples were run after half of the samples were complete and at the end of the run to check for instrumental error and matrix effects. The lowest calibration standard, 10 µg/L, was used to determine the limit of detection (LOD).

Bioenergetic Endpoints – Macronutrients
Sub-adult snails were used for macronutrient analysis using a method modified from De Coen and Janssen (2003). Macronutrient analysis provides insight into the stress experienced by an organism as stress may result in a change in feeding activity or use of energetic reserves (Sokolova, et al. 2012). Immediately prior to analysis, snails of each replicate were thawed, pureed, and homogenized in 200 µL of deionized water using a Dremel tool. Samples were then extracted using 100 µL of 15% trichloroacetic acid. Samples were then centrifuged for 10 minutes at 3500 rpm at 4º C. Of this, 250 µL of the supernatant, in triplicate, was added to 250 µL of 5% phenol and 1 mL sulfuric acid. This represented the carbohydrate fraction, for which glucose was used as a standard. The precipitate was resuspended in 500 µL sodium hydroxide, incubated at 60º C for 30 minutes, and then added to 300 µL hydrochloric acid. This represented the protein fraction, for which bovine serum albumin was used as a standard. All samples were added to a 96-well plate in triplicate, and then read using a spectrophotometer (Bio Tek, Synergy 4). 
Due to the number of samples, two instrument runs were necessary for each age class for all bioenergetic tests. A regression line was developed for each set of controls, and the best-fit equation for this line was then used to calculate the value for each replicate in the plates.

Statistical Analysis
	All statistics were completed in program R (R Core Team 2016) with an alpha of 0.05. For range finding tests, LC50 values were calculated using logistic regression available in the library “MASS” (Venables and Ripley 2002). Treatment effects on mortality were analyzed using a Kaplan-Meier estimator (Kaplan and Meier 1958), available in the library “Survival” (Therneau 2015). If significant effects were observed using this test, Dunnett’s Test was used in post hoc testing to determine which concentrations were different than the control. Food consumption was analyzeed using a one-way ANOVA with concentration means as the factor and mg of lettuce consumed per snail-day as the response variable. For these tests, the first sampling period was excluded to accommodate acclimation of snails to the experimental environment.
	Effects of PFOS exposure concentration on mass and length were analyzed using a one-way ANOVA. The dependent variable in this case was the final size of the snails that survived to the termination of the study. This was used after a one-way ANOVA to verify that no significant differences existed with regard to size among exposure concentrations at the initiation of the study. 
	One-way ANOVAs were also used to test for differences in bioenergetic endpoints and PFOS uptake. If significant differences were noted using an ANOVA, Dunnett’s Test was used post hoc to determine which concentrations were significantly different from the controls.

RESULTS
For all tests, survival in the controls was at least 90%.

Range-Finding Tests
	Complete mortality was observed at 250 µg/mL (ppm) in the adult test. No concentration in the 0-3 week age-class test caused complete mortality, however, the highest concentration resulted in 10% survival in both replicates. The 96-hr LC50 for adults was 196 µg/mL (± 11.8 µg/mL standard error) and for 0-3 week-old snails was 150 µg/mL (± 12.4 µg/mL standard error).

0-3 Week Age-Class
	Fifteen individuals of this age-class died during the study (Figure IV-1). There were no significant mortality effects due to PFOS (p = 0.277). There were no significant effects from PFOS on food consumption (p = 0.237).
	No significant differences existed between snail masses (p = 0.605) or lengths (p = 0.81) at the beginning of the study. Mass did not differ between concentrations at the end of the study (p = 0.81). Similarly, length did not differ between concentrations at the termination of the study (p = 0.93). Additionally, significant differences did not exist for the measurable bioenergetic endpoint (carbohydrate p = 0.287, Figure IV‑4). Statistical analysis for protein concentration was impossible due to the large percentage of concentrations below the instrument limit of detection (91 of 126). However, a large percentage of these values below the LOD came from the three higher concentrations (50 of 54 of these concentrations).

3-6 Week Age-Class
	Fifteen individuals of this age-class died during the study (Figure IV‑2). There were no significant mortality effects due to PFOS (p = 0.27). There were no significant effects from PFOS on food consumption (p = 0.22).
No significant differences existed between snail masses (p = 0.683) or lengths (p = 0.557) at the beginning of the study. However, PFOS exposure significantly altered both the mass of the snails by the end of the study (p = 0.006, Figure IV‑3) and the length of the snails (p < 0.001).
Carbohydrate concentration was significantly altered by exposure to PFOS (p = 0.004, Figure IV‑4). The significant trend for this age-class was a decrease in carbohydrate concentration with an increase in PFOS concentration. However, no individual concentration was significantly different from the controls (lowest p = 0.101). Statistical analysis for protein concentration was impossible due to the large percentage of concentrations below the instrument limit of detection (112 of 126). Only three samples out of 54 from the three highest concentrations were above the LOD.

6-9 Week Age-Class
	Thirty-seven individuals of this age-class died during the study (Figure IV‑5). Significant mortality effects due to PFOS were observed (p = 0.025). However, only snails expsoed to 12.5 µg/mL had decreased survival compared to the controls (p = 0.0316; other p > 0.077). Food consumption effects were not statistically compared for this age-class due to my inability to feed the snails enough lettuce so that they wouldn’t consume the entire amount. This occurred despite increasing the amount of lettuce fed to the replicates throughout the study. 
No significant differences existed between snail masses (p = 0.354) or lengths (p = 0.418) at the beginning of the study. Neither mass nor length differed between concentrations at the end of the study (p = 0.105 and 0.203, respectively).
Carbohydrate concentration was not significantly altered by exposure to PFOS (p = 0.13, Figure IV‑4). For this age-class, 42 of the 126 protein bioenergetic samples were below the limit of detection. Statistical analyses were completed in two ways using these data – both with samples below the LOD set to equal 0 ng/mL and also excluding those samples. Neither set of analyses showed a significant effect of PFOS on protein concentration (p = 0.12 and 0.103, respectively).

9-12 Week Age-Class
	Seven individuals of this age-class died during the study (Figure IV‑6). There were no significant mortality effects due to PFOS (p = 0.659). There were no significant effects from PFOS on food consumption (p = 0.45). 
No significant differences existed between snail masses (p = 0.297) or lengths (p = 0.935) at the beginning of the study. Mass did not differ between concentrations at the end of the study (p = 0.156). However, length was significantly altered by exposure to PFOS (p = 0.0237, Figure IV‑7).
Carbohydrate concentration data was not calculable for this age-class due to the samples being highly concentrated and therefore unable to be read by the instrument. Protein concentration was not affected by exposure to PFOS (p = 0.702).

Adult Age-Class
	All exposure levels other than the controls had mortality of at least 7 individuals in this age-class (Figure IV‑8). In total, 80 of the 210 snails involved in this study died. Mortailty was significantly altered by PFOS (p < 0.001). Snails in the 6 (p = 0.0112), 25 (p < 0.001), and 50 (p = 0.0111) µg/mL concentrations had significantly decreased survival when compared to the controls. There were no significant effects of PFOS on food consumption (p = 0.744, Figure IV-9). 
No significant differences existed among treatments for snail masses (p = 0.596) or lengths (p = 0.915) at the beginning of the study. Mass did not differ between concentrations at the end of the study (p = 0.949). Length also did not differ at the end of the study between concentrations (p = 0.723).
	The final concentration of PFOS in the snails was significantly affected by the exposure concentration of PFOS (p < 0.001). The three highest exposure concentrations had significantly greater PFOS body burdens at the end of the study than did the controls and other low exposure concentrations (Figure IV‑10). 
	The adult age-class was the only life stage to produce enough eggs for statistical analyses. Exposure to PFOS had a significant effect on the number of eggs produced per egg mass (p < 0.001), however, none of the PFOS concentrations were significantly different from the controls (lowest p = 0.437). Additionally, when standardized for the number of snail-days (the sum of the number of days each snail was alive during the trial), the total production of eggs (the units in this case being eggs per snail-day) was not significantly altered by exposure to PFOS (p = 0.139). Furthermore, neither the total number of egg masses laid nor the number of masses per snail-day were significantly altered by PFOS exposure (p = 0.389 and 0.627, respectively). Finally, neither the number of eggs laid per day (p = 0.150, Figure IV‑11) nor the percent of eggs successfully hatched from observed masses (p = 0.832) were significantly altered by exposure to PFOS.

DISCUSSION
	As is the case with the majority of species used in PFOS toxicity tests, L. stagnalis was not found to be particularly sensitive to PFOS exposure at environmentally relevant concentrations. In this study, this was true for both lethal and sub-lethal endpoints. The lowest individual concentration at which significant effects due to PFOS were noted was 6 µg/mL (ppm), for survival of adult snails (Table IV-1). Further, unexpectedly, the exposure concentrations for which sub-lethal endpoints were significantly different from controls were higher than for the threshold for survival, if effects were noted. The threshold of effects from this study is greater than surface water concentrations commonly observed in the environment (< 10 ng/mL) except for in extreme spill events, indicating that adverse effects of PFOS exposure to L. stagnalis are not expected.

Survival
	Of the endpoints measured, survival after exposure to PFOS was the one for which significance was observed in the greatest number of age-classes. This result is counterintuitive, because in general, mortality generally results from a rather large stress response, sometimes comprised of effects on multiple different endpoints (i.e., Lin and Beal 2006, Portner, et al. 2005). Therefore, we would expect to see significant results in other endpoints at lower concentrations before we would see significant mortality differences due to chemical exposure. Toxic effects for sub-lethal endpoints at thresholds below those that cause mortality have also been observed for a number of species in aquatic toxicity tests with PFOS (Boudreau, et al. 2003, MacDonald, et al. 2004). These results suggest that toxic effects may be observed at a lower concentration than in this study for L. stagnalis for other endpoints, such as developmental deformities or at the cellular level (see Cheung and Lam 1998, Finnegan, et al. 2009).
	Another unexpected result of mortality testing was that the most sensitive life stages were not the youngest. In the case of L. stagnalis, the most sensitive age-classes were the 6-9 week-olds and the adults. This was not the hypothesized result because previous studies have shown that juveniles are generally the most sensitive age-class (McCahon and Pascoe 1988, Hutchinson, et al. 1998). Early-life-stage sensitivity may be due to a number of factors, including that detoxification pathways may use energetic resources that otherwise would be used for growth and development (de Chavez and de Lara, 2003) and that early life-stage organs are less developed and therefore are less capable of detoxification (Bentivegna and Piatkowski 1998). Therefore, for this study, I expected that the 0-3 week age-class would be the most sensitive, followed by the 3-6 week age-class. 
In general, stressors have been shown to alter the feeding activity, energy reserves, growth, and reproduction of organisms (Sokolova, et al. 2011). Therefore, a possible explanation for why the 3-66 week age-class was one of the most sensitive is that the snails may have been investing a large amount of energy in maturation during that life stage. Therefore, they may have been less prepared to process toxicants (Zooneveld and Kooijman 1989). A possible explanation for the unusually high sensitivity of adults to PFOS could be that the internal shift to reproduction also decreased the ability of individuals to successfully detoxify the chemical. Organisms may respond to stressors by increasing reproduction at the expense of other internal pathways (Nicholson 1954). The increase in reproduction can also have an effect on macronutrient usage, as nutrients are necessary to provide eggs with energy (Heras, et al. 1998). 

Food Consumption and Bioenergetics
	No age-classes showed different food consumption due to PFOS exposure. Similarly, the vast majority of metabolic endpoints measured were not significantly altered by PFOS exposure. This suggests that exposure to these high levels of PFOS does not necessarily alter internal energy reserves or allocation patterns of L. stagnalis. However, carbohydrate concentrations were altered for a single age-class, the 3-6 week-olds (Figure IV‑4). This result is important because the carbohydrate concentration decreased with an increase in PFOS exposure. Other research has shown that carbohydrate content can be used as an indicator of respiration rate, i.e., increased respiration will lead to decreased carbohydrate concentration (Dwivedi 2000). Furthermore, it has been suggested that toxicity due to perflurooctanoic species is caused by a shift in lipid metabolism that leads to weight loss (Kennedy, et al. 2004). Therefore, it is possible that the significant difference in carbohydrates in this age class are indicative of a metabolic shift due to PFOS exposure that is most prominent in 3-6 week-old snails. This type of response may also explain some of the effects described in the previous section. Importantly, as mentioned previously, it is likely that there are endpoints not evaluated here for which effects would have been observed at a more sensitive threshold. For example, MacDonald, et al. (2004) observed abnormal behavior in exposed C. tentans which they hypothesized might have resulted from respiratory distress or a change in energetic pathways.

Growth
	Importantly, no snail sizes were significantly different within age classes at the beginning of the studies, meaning that final masses and lengths may be used to compare growth over the course of the study. Significant differences in mass and length of snails at the end of the studies were noted for a few age classes, namely the 3-6 week-old snails and the 9-12 week-old snails. For both of these groups, the trend was a decreased size at the higher PFOS concentrations. For 3-6 week-olds, the only concentration for which significant differences were noted was for 50 µg/mL, for both mass and length. This result indicates that exposure to PFOS at this concentration could have significant effects on the future success of snails, especially when relating to reproductive success, as studies have shown that smaller animals tend to have less reproductive success than do larger animals of the same species (Ellis 1995). 
The two highest exposure concentrations, 25 and 50 µg/mL, caused significantly decreased length in 9-12 week-old snails. However, the mass of these animals was not significantly affected by PFOS exposure. These results may also be explained by altered metabolic priorities, in this case prioritizing internal development over adding to shell length. This may or may not cause a long-term effect, dependent on the successful development of reproductive organs and if the smaller snails were able to re-allocate energy toward shell growth later in development. This may be possible because animals with indeterminate growth, such as snails, may exhibit “compensatory growth” once stressors are eased (Hector and Nakagawa 2012).

Reproduction
	Only the adult age-group produced enough egg masses for analysis. An ANOVA indicated that exposure to PFOS had an effect on the number of eggs produced per egg mass, with the number of eggs per mass increasing with increasing exposure concentration. This result may be explained by the shift, observed in other species, towards increasing reproductive activity in the face of a stressor (Nicholson 1954). However, none of the other endpoints examined for reproductive activity were significantly altered by PFOS exposure. These endpoints include some that may be more appropriate for explaining the data, including standardizing the number of eggs to the number of days that snails were alive during the period to produce those masses. Additionally, no significance differences were observed in the successful hatching of egg masses that were collected. Together, these results suggest that the reproduction of L. stagnalis may not have been affected by exposure to PFOS and, additionally, the effects of PFOS that were observed will not cause population-level effects at commonly occurring environmental concentrations.

Uptake of PFOS by Adults
	As expected, snails exposed to higher concentrations of PFOS had greater body burdens of PFOS at the end of the experiment. The snails in the three highest concentrations of PFOS exposure had significantly greater concentrations of PFOS at the end of the study than did the controls and even the lowest exposure concentration. When viewed on a logarithmic scale, the curve generated by plotting the final concentration by the exposure concentration appeared to follow an asymptotic logarithmic curve (see Figure IV‑10). These results seem to corroborate the work by Liu, et al. (2011), which indicated that the PFOS bioaccumulation factor (BAF) decreases with an increase in exposure concentration. This means that body burden will asymptotically increase as exposure concentration increases. Put another way, as exposure concentration increases, the ratio of organism concentration to exposure concentration decreases. Liu, et al. (2011) hypothesized that this effect is observed due to a limited number of globulin binding sites for the chemical within an organism.

Relevance
	Perhaps most importantly, this research has shown that PFOS does not appear to pose a significant risk to the aquatic snails used in this study. The endpoints evaluated, including survival, suggest that PFOS concentrations would need to be significantly greater than those currently observed in the environment to pose a realistic threat to the survival of these species, or to contribute negatively to the health of this component of the food web. However, as survival was the most sensitive endpoint observed in this study, it is probable that there exist endpoints for which greater sensitivity would have been observed. Furthermore, there is still value in completing toxicity studies such as this one even when effects are observed at concentrations higher than expected in the environment. Risk assessments, especially at the Stage I screening level, are inherently conservative (Beach, et al. 2006). This is necessary because, although useful, laboratory toxicity tests are not representative of the multiple stressors and exposure regimes that occur in situ. Furthermore, risk assessments are often concerned with extrapolating toxicity information from species that have been used for experiments to species that may not be commonly used in toxicity tests (Forbes and Calow 2002a). Therefore, it is important to add toxicity information about species across a variety of taxonomic groups in order to decrease the conservativism necessary for risk assessments (Brix, et al. 2001).
	An interesting outcome of this research was the observation of significant results across several snail age-classes but for different endpoints. Toxicity testing is generally completed using either adult individuals or the most juvenile group, depending on the endpoint of interest and the expected toxicity. For L. stagnalis, the age-classes for which the greatest effects were observed were the adults and the 3-6 week-old snails. Similar differences in life-stage sensitivities were also observed in another study with L. stagnalis (Ducrot, et al. 2010b). In that study, snails were exposed to vinclozolin for the same duration as in this study and varied results were observed wherein biological responses differed between concentrations and age-class. These results suggest that multiple ages should be considered when using L. stagnalis as a model species, particularly because significance was observed for some of the endpoints for 3-6 week-old snails and not for the adults.
	The experiments completed in this study were of a sub-chronic duration. Studies, like this one and of an even longer duration, are important when testing the toxicity of PFASs. This is because these chemicals are very persistent in the environment and exposure may occur across multiple generations at approximately equal concentrations for some species. Furthermore, testing the toxicity of a chemical to a new species will improve species sensitivity distributions (SSDs) created for that chemical and therefore increase the confidence associated in risk assessments (Forbes and Calow 2002b). Therefore, the work presented here represents an important step in increasing the number of taxa for which toxicity studies involving PFOS have been completed. Importantly, this study also represents a comprehensive assessment across multiple life stages for sub-chronic PFOS exposure which has also not been well characterized. However, the toxicity observed may be seen at significantly lower concentrations if the duration of the experiment was increased even more, across the life-span of a snail or even across several generations. Other work with these organisms has shown that toxic exposure by parents may affect offspring in the first generation of offspring (Reategui-Zirena 2016, Fidder, et al. 2016). In order to appropriately assess whether environmentally maintained concentrations pose a threat to the continued survival and success of aquatic communities, a shift towards these longer-term exposures by the scientific community is crucial.
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[bookmark: _Toc477278987]Table IV‑1. No-observed effect concentrations (NOECs) and associated lowest-observed effect concentrations (LOECs) for snails exposed to PFOS for a variety of endpoints. The most sensitive values for each endpoint are presented in bolded text. Endpoints for which a significant trend was observed but no individual concentration was different than the controls are presented in italicized text.
	Age class
	Endpoint NOEC µg/mL (LOEC µg/mL)

	
	Mortality
	Feeding rate
	Mass change
	Length change
	Carbohydrate concentration
	Protein concentration
	PFOS burden
	Reproduction

	0-3 weeks
	≥50 (>50)
	≥50 (>50)
	≥50 (>50)
	≥50 (>50)
	≥50 (>50)
	Not calculable
	Not evaluated
	Not evaluated

	3-6 weeks
	≥50 (>50)
	≥50 (>50)
	25 (50)
	25 (50)
	≥50 (>50)
	Not calculable
	Not evaluated
	Not evaluated

	6-9 weeks
	≥50 (>50)
	Not calculable
	≥50 (>50)
	≥50 (>50)
	≥50 (>50)
	≥50 (>50)
	Not evaluated
	Not evaluated

	9-12 weeks
	≥50 (>50)
	≥50 (>50)
	≥50 (>50)
	≥50 (>50)
	Not calculable
	≥50 (>50)
	Not evaluated
	Not evaluated

	Adults
	3 (6)
	≥50 (>50)
	≥50 (>50)
	≥50 (>50)
	Not evaluated
	Not evaluated
	6 (12.5)
	≥50 (>50)
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[bookmark: _Ref470005564][bookmark: _Toc477279303]Figure IV‑1. Kaplan-meier curves for survival of 0-3 week-old snails exposed to PFOS. Each concentration is represented by three colored lines. The middle line represents the number of snails alive on each day of the study, and the upper and lower lines are the 95% confidence limits.
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[bookmark: _Ref470005620][bookmark: _Toc477279304]Figure IV‑2. Kaplan-meier curves for survival of 3-6 week-old snails exposed to PFOS. Each concentration is represented by three colored lines. The middle line represents the number of snails alive on each day of the study, and the upper and lower lines are the 95% confidence limits. 
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[bookmark: _Ref471901635][bookmark: _Toc477279305]Figure IV‑3. Average final mass of 3-6 week snails exposed to PFOS. Snails exposed to 50 µg/mL PFOS had a lower final mass than any of the other concentrations. Error bars are representative of one standard error from the mean. 
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[bookmark: _Ref472003041][bookmark: _Toc477279306]Figure IV‑4. The average carbohydrate concentration in the 0-3 week-old, 3-6 week-old, and 6-9 week-old snail age-classes at the conclusion of 21-day trials. A significant trend of decreasing carbohydrates with an increase in PFOS exposure was seen in 3-6 week-olds but no individual treatment concentration was significantly different from the controls. No significant trends were observed in either of the two other age classes. Error bars represent one standard error from the mean.
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[bookmark: _Ref470005629][bookmark: _Toc477279307]Figure IV‑5. Kaplan-meier curves for survival of 6-9 week-old snails exposed to PFOS. Each concentration is represented by three colored lines. The middle line represents the number of snails alive on each day of the study, and the upper and lower lines are the 95% confidence limits.
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[bookmark: _Ref470005727][bookmark: _Toc477279308]Figure IV‑6. Kaplan-meier curves for survival of 9-12 week-old snails exposed to PFOS. Each concentration is represented by three colored lines. The middle line represents the number of snails alive on each day of the study, and the upper and lower lines are the 95% confidence limits.
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[bookmark: _Ref471909635][bookmark: _Toc477279309]Figure IV‑7. Average final length of 9-12 week snails exposed to PFOS. Error bars are representative of one standard error from the mean.
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[bookmark: _Ref471909462][bookmark: _Toc477279310]Figure IV‑8. Kaplan-meier curves for survival of adult snails exposed to PFOS. Each concentration is represented by three colored lines. The middle line represents the number of snails alive on each day of the study, and the upper and lower lines are the 95% confidence limits.
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[bookmark: _Ref476730519][bookmark: _Toc477279311]Figure IV‑9. Mass of raw organic lettuce consumed by adult snails. The mean of the bar graph represents the amount consumed per adult snail per day during a 21-day experiment. No significant differences were observed due to PFOS exposure. Error bars represent one standard error from the mean.
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[bookmark: _Ref471995939][bookmark: _Toc477279312]Figure IV‑10. Final body burden of adult L. stagnalis exposed to different concentrations of PFOS for 21 days. The vertical axis is logarithmic, and error bars represent a single standard error from the mean. The three highest concentrations are significantly greater than the controls. Letters on the figure designate significant differences.
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[bookmark: _Ref472002181][bookmark: _Toc477279313]Figure IV‑11. The average number of eggs laid per egg mass per day by snails exposed to PFOS. Lines are smoothed to increase the legibility of the figure. The darkened area represents the 95% confidence interval around the mean of the control treatment. No significant trends were seen temporally, either per day overall or when separated exposure concentration.
CHAPTER V
[bookmark: _Toc477278903]THE TOXICITY OF TWO PERFLUORINATED ALKYL SUBSTANCES TO A POTENTIALLY SENSITIVE INVERTEBRATE, THE YELLOW FEVER MOSQUITO (AEDES AEGYPTI)
ABSTRACT
	Perfluorooctane sulfonate (PFOS) has recently been listed as a contaminant of emerging concern. Due to this classification, the chemical has been the focus of toxicological research, including efforts to determine the sensitivity of aquatic species to the chemical. Currently, the most sensitive organism to PFOS is a dipteran, Chironomus tentans. To further our understanding of PFOS ecotoxicity, I evaluated a species from the same Order, the yellow fever mosquito Aedes aegypti. Four-hundred and twenty newly hatched (first instar) mosquitoes were exposed to PFOS continuously until emergence at one of seven concentrations ranging from 0 to 2000 µg/L. There were no significant effects for any endpoints at the lowest exposure level, 50 µg/L, but many significant effects at the next highest concentration, 125 µg/L. For instance, 125 µg/L PFOS or greater significantly reduced survival compared to the control (0 µg/L). Perfluorooctane sulfonate also significantly decreased time to emergence at and above 125 µg/L. Mosquito mass at emergence for all PFOS concentrations was positively correlated with time to emergence. Mosquito mass at emergence is positively correlated with adult fecundity; therefore, mosquito fecundity should be reduced following exposure to PFOS concentrations at or above 125 µg/L. Importantly, field sampling has shown that PFOS often occurs within a mixture of PFASs. One of those, perfluorohexane sulfonate (PFHxS), was measured at concentrations up to 5000 µg/L in mixtures with other PFASs, including PFOS. To better understand potential risks of PFASs, it is important to test the toxicity of PFHxS to sensitive organisms such as A. aegypti with and without the inclusion of PFOS and other PFASs. I discovered that chronic toxicity was significantly increased when PFOS and PFHxS were combined, with a LOAEC for mortality of 15 µg/L PFOS: 67.5 µg/L PFHxS. Overall, although not as sensitive to PFOS as C. tentans, A. aegypti is among the more sensitive aquatic species evaluated, providing additional evidence that insects may be particularly sensitive to PFOS. Further, this study suggests that mixture toxicity may be of paramount importance when testing PFASs.

INTRODUCTION
	Per- and poly-fluorinated alkyl substances (PFASs) are a class of chemicals historically used for their anti-stick and flame-resistant properties (Roos, et al. 2008). However, many of these chemicals are persistent and bioaccumulative in contaminated environments (Conder, et al. 2008). For this reason, and because of concerns for potential effects of these chemicals, the manufacturer voluntarily canceled their production. Perfluorooctane sulfonate (PFOS) and perfluorooctanoic acid (PFOA) are two examples of chemicals of this class that have been partially or completely phased out of production (Lindstrom, et al. 2011). However, both chemicals continue to be measured in environmental and biological samples (Giesy and Kannan 2001, Boulanger, et al. 2004), despite the cessation of production in 2002. 
	The persistence of these chemicals in surface waters worldwide indicates that they may pose a continued risk to human and ecological receptors (Boulanger, et al. 2004, Loos, et al. 2007). Although the concentrations measured in environmental samples are typically below the chronic no-observed effect concentration (NOEC) for the most sensitive aquatic organism evaluated to date (MacDonald, et al. 2004), the possibility remains that more sensitive organisms may exist. Furthermore, research has shown that these chemicals generally appear as part of a mixture of toxicants in the environment, particularly with other PFASs (Loos, et al. 2007, 2009). For example, surface water samples from Barksdale Air Force Base (BAFB), Shreveport, LA, a site at which PFAS-containing aqueous film forming foams (AFFFs) were historically used, yielded detectable or measurable concentrations of six PFAS (PFBS, PFOS, PFHxS, PFOA, PFNA, and PFHpA, Cochran 2015). Little research has been completed evaluating the toxicity of PFASs other than PFOS and PFOA, such as perfluorohexane sulfonate (PFHxS). Therefore, it is important to better understand the toxicity of less common PFASs and to begin to research the impact of mixtures in order to better identify the potential for adverse effects from exposures to PFASs at environmentally realistic concentrations.
	In order to better estimate the potential of a chemical to cause adverse effects, it is important to classify the toxicity of the chemical to a variety of species. Testing in this manner should yield a range of toxicity values that can be arranged into a species sensitivity distribution (SSD, Suter 2006). Species sensitivity distributions provide risk managers with a means by which they can estimate the concentration at which a certain percentage of organisms will be adversely effected by exposure, and also a degree of confidence in their estimate (Maltby, et al. 2005). The confidence, determined by the error inherent in SSDs, may be increased by adding more data to the SSD (Forbes and Calow 2002). Particularly helpful for risk analysis is when a SSD contains information about the toxicity for some of the most sensitive species (Wheeler, et al. 2002). This is because risk managers are generally concerned with protecting the majority of species and therefore would be concerned with estimating risk for the more sensitive range of the SSD (Posthuma, et al. 2002).
	The most sensitive organism to PFOS evaluated thus far is the Dipteran, Chironomus tentans (MacDonald, et al. 2004). Unlike many toxicants, PFOS binds to proteins in blood serum. Chironomus tentans are a unique aquatic invertebrate in that they have hemoglobin and therefore may have increased binding sites for PFOS upon exposure (Panis, et al. 1995). This particular organismal trait may explain the sensitivity of C. tentans to PFOS. Alternatively, there may be other traits possessed by C. tentans that explains its sensitivity to PFOS. Testing other species closely related to C tentans may be a promising way to develop additional toxicity data for potentially sensitive species and/or for identifying traits that may contribute to the sensitivity of C. tentans to PFOS. For example, the Yellow fever mosquito, Aedes aegypti, may be similarly sensitive to PFOS exposure despite not having hemoglobin.
	The traditional method for testing the toxicity of chemicals are single-species, single-chemical toxicity tests (Suter 2006). These tests are limited in their environmental applicability because chemicals are rarely present in the environment in isolation. Mixture toxicity testing has recently become a greater focus in the scientific community, including efforts to develop models for predicting mixture effects based on the mode of action of toxicants or through synergistic effects (Belden, et al. 2007, Gonzalez-Pleiter, et al. 2013). These tests often focus on chemicals of the same class that are often found co-occurring in environmental samples, such as pharmaceuticals (e.g., Watanabe, et al. 2016, Cleuvers 2004). Perfluorinated compounds are also commonly found in mixtures, particularly those present in AFFFs (Moody and Field 2000, Baduel, et al. 2015, Munoz, et al. 2017). For example, multiple PFASs were detected in all of the 49 water samples at BAFB which had quantifiable concentrations. Of these, all had quantifiable amounts of either PFOS or PFHxS and, of these, only five samples had only one of those compounds (Cochran 2015). The synergistic potential for chemical mixtures to cause greater toxicity than each chemical could have caused individually means that chemical toxicity tests should be done with commonly co-occuring chemicals when possible (e.g., Cleuvers 2003).
The objectives of this research were to increase the scientific knowledge of PFAS toxicity to aquatic organisms. This was accomplished by the use of both single-chemical and chemical-mixture toxicity tests using PFASs commonly found at elevated concentrations in the environment to a representative dipteran, A. aegypti. Multiple endpoints including fecundity, emergence, and body size were observed after organisms were exposed to the chemical(s) for the duration of the aquatic phase of their life-cycle. This information is used to assess the toxicity of these chemicals to another potentially sensitive species, including one of the first toxicity studies of PFHxS, and to potentially reduce confidence intervals associated with current PFAS SSDs.

METHODS
Mosquito Culture
The use of two A. aegypti strains were necessary to complete the experiment to ensure availability between the experimental sections. Using different strains can introduce some uncertainty as there can be different toxicant responses among strains (Boyer, et al. 2007). As a way to capture some of this potential uncertainty, I replicated some treatments with both strains to verify that the strains had similar responses. The strain used for the testing with only PFOS were of the Liverpool Strain started by the Liverpool School of Medicine in 1936. The initial eggs for the colony were donated by Texas A&M and the colony had been maintained in the laboratory at Texas Tech University since summer 2013. The other strain was obtained from BEI resources and is called the Black-eye Liverpool strain. While maintained in the colony, adults were subjected to the following conditions: 25º Celsius (C) temperature, 60% relative humidity, and a light regime that ranged from 12-12 to 14-10 light-dark cycle. Adult mosquitoes had continuous access to a 10% sucrose solution.

Experimental Procedure
Perfluoroalkyl chemical solutions (PFOS and PFHxS) were prepared by dissolving soluble amounts of powdered chemical in moderately hard laboratory water (3 g CaSO4, 3 g MgSO4, 0.2 g KCl, and 4.8 g NaHCO3 per 50-L deionized water, as in US EPA (2002)) in 1-L HDPE bottles. Diluted stock concentrations were determined by the test concentrations for the experiment and were chosen to simplify the dilution calculations. In general, the stock dilution concentration was equal to the maximum test concentration. Each bottle was mixed on a shaker table at 125 rpm for at least 18 hours before being added to exposure containers.
	Cultured females were fed bovine blood in 50% Alsever’s solution using a membrane feeding system to induce the production of eggs as in Mishra et al.(2005). The evening before the initiation of the experiment at approximately 1700 hours, the cards on which eggs were laid were collected and transferred to a 25º C water bath. 
	Approximately 12-18 hours later, during the first instar life stage, individuals were randomly removed from the water bath using a blunt plastic transfer pipette and added to 50 mL HDPE plastic beakers containing moderately hard water also warmed to 25º C. Once each experimental container contained 10 mosquitoes, the appropriate amount of PFOS stock solution was added to each exposure container. Mosquitoes in each container were also fed 0.15 mg brewer’s yeast/larvae from a solution containing 0.15 mg yeast/50 mL deionized water (DI) at experiment initiation. The containers were then randomly placed in a 25º C incubator and covered with plexiglass to limit evaporation.
	The experiment was monitored every 24 hours and development (life stage) and mortality were observed and recorded. Individuals that did not respond to stimuli were marked as dead and removed from the experiment. Mosquitoes within containers were fed an amount of food each day commensurate with the life stage of the majority of the larvae in that container. The feeding amount for first instars is given in the previous paragraph, while second instars received 0.2 mg yeast/larvae from a solution containing 0.2 mg yeast/50 mL DI and third and fourth instars received 0.25 mg yeast/larvae from a solution containing 0.25 mg yeast/50 mL DI. Exposure media was 100% changed every 72 hours by transferring the mosquitoes to freshly prepared exposure chambers.
	Upon pupation, individuals by replicate within treatment were transferred to a new exposure container that was placed inside an emergence container meant to prevent adults from escaping. Pupae did not need to be fed while in this container and the exposure media was 100% changed every 72 hours as before. Any adults noted during the daily monitoring were sacrificed by freezing. After the termination of the experiment, the adults were ashed at 50º C for 48 hours. They were then weighed using a balance accurate to the ten-thousandth of a gram. Mass, determined by this method, was used as a predictor for fecundity as in Steinwascher (1984).

PFOS-Only Experiments
	I initially conducted a range-finding experiment to determine the 48 hour and 96 hour LC50 values for PFOS and obtained the exposure concentrations used for the life-cycle experiment using the exposure concentrations from MacDonald et al. (2004), which were 50, 100, 150, and 200 mg/L and also 50, 100, 150, and 200 µg/L. Hence, the following concentrations were chosen for the current life-cycle study on A. aegypti: 50, 125, 250, 500, 1000, and 2000 µg/L.

PFHxS-Only Experiment
As with PFOS, I conducted a range-finding study with PFHxS using concentrations of 20, 50, 75, 100, 125, and 150 mg/L, similar to MacDonald et al. (2004), to determine the concentrations appropriate for a life-cycle study. However, there was no evidence of toxicity at the evaluated concentrations so a longer duration study at lower concentrations was not conducted.



Mixture Experiments
	As mentioned previously, data from surface water near former fire training areas at BAFB indicated that PFOS and PFHxS are the two most prevalent co-occuring PFASs. To generate a ratio between the chemicals representative of that seen in the environment, I determined an average and standard deviation of the ratio for each sampling site from the August sampling event at BAFB in Cochran (2015) and used these values to determine the upper 95% confidence limit for the ratio between concentrations to be 4.5:1 PFHxS:PFOS. Therefore, this ratio was used to inform the concentrations for my experiments. The exposure concentrations for these mixture experiments were chosen based on those from my previous studies: 50 : 225, 125 : 662.5, 250 : 1125, 500 : 2250, 1000 : 4500, and 2000 : 10000 µg/L PFOS : PFHxS. No adults from this study survived to 24-hours post-emergence so I subsequently completed another full life-cycle experiment using lower concentrations of 0.5 : 2.25, 2.5 : 11.25, 7.5 : 33.75, 15 : 67.5, and 30 : 135 µg/L PFOS: PFHxS. Additionally, for this experiment, mosquito wing size was included as an endpoint that relates strongly to body size and fecundity in females (Briegel 1990).

Verification Experiment
	The preceding experiments were conducted at separate times due to a limitation in both laboratory space and the number of containers designed to collect emergent adults. This temporal variation in experiments also meant that the experiments ended up being completed with different strains of A. aegypti. To verify that my results were comparable despite being completed at different times and with different strains of the species, I conducted a final experiment during which I repeated the 30 µg/L and 125 µg/L PFOS-only concentration, the 15 µg/L : 67.5 µg/L and 30 µg/L : 135 µg/L PFOS : PFHxS concentrations, and the 135 µg/L PFHxS-only concentration to compare these results to previous studies.

Statistics
	Survival was compared using a Kaplan-Meier estimator test (Kaplan and Meier 1958). The mass of mosquitoes at emergence was compared using both an ANOVA, to compare mass at emergence to concentration, and an ANCOVA, to compare mass at emergence to concentration by date of emergence. All statistical analyses were completed using the R software package (R Core Team 2016) for Windows with significance set to p = 0.05.

RESULTS
PFOS-Only Experiments
	The LC50 for the 48-hour exposure to PFOS was 1.18 mg/L with lower and upper 95% confidence intervals of 0.95 and 1.41 mg/L, respectively. All mosquitoes from the three highest concentrations (those above 250 µg/L) died before pupation when exposed for the longer duration. Significant differences were determined for survival of mosquitoes in all concentrations above 50 µg/L when compared with controls (Figure V-1).
A significant effect was not determined for mass at emergence of mosquitoes between concentrations, however there was a general increasing trend for mass over time. Further, the mass of those mosquitoes that emerged later in the study (days 14, 15, and 17-21) was significantly greater than those that emerged earlier in the study (days 9, 10, and 11, Figure V-2, p <<< 0.01). 
	Exposure to PFOS significantly decreased the average time to emergence for those mosquitoes that survived to emergence (Figure V-3). For this endpoint, mosquitoes at the lowest exposure concentration were not significantly different from the controls, however, the other two exposure concentrations for which mosquitoes emerged (125 and 250 µg/L) had significantly earlier emergence (p <<< 0.01). Body mass at emergence did not significantly differ between concentrations (p = 0.43).

PFHxS Experiments
	The LC50s for 48- and 96-hour exposures to PFHxS only were 89.0 mg/L with 95% confidence intervals of 78.9 and 99.1 mg/L and 46.4 mg/L with 95% confidence intervals of 40.1 and 52.7 mg/L, respectively. 

PFHxS + PFOS Mixture Experiments
	All mosquitoes from the four highest concentrations of the initial mixture experiment (those above 125 µg/L PFOS : 562.5 µg/L PfHxS) died before pupation in the chronic study (Figure V-4). As before, survival to emergence was not significantly decreased for all concentrations above 50 µg/L PFOS : 225 µg/L PFHxS. However, all exposed mosquitoes in this experiment died within the first 24 hours after emergence. Body mass at emergence did not significantly differ between concentrations.
	When the study was repeated with lower concentrations, significantly decreased survival was observed for all concentrations above 7.5 µg/L PFOS : 33.75 µg/L PFHxS. Again, some mosquitoes in each exposure concentration died within 24 hours of emergence, however this effect was mainly restricted to concentrations of 15 µg/L PFOS : 67.5 µg/L PFHxS and above. Wing size was not significantly different between concentrations or sexes.

Verification Experiment
Total mortality was similar in the replicated experiment to the initial experiments (Figure V-5), indicating that the methods and species responses were consistent across time. 

DISCUSSION
	The LC50 for PFOS determined in this study (1.18 mg/L) was the second-most sensitive value determined to date (Qi, et al. 2011), but not as sensitive as the most sensitive organism, Chironomus tentans in which the 10-d LC50 was 45.2 µg/L (MacDonald, et al. 2004). This study also presents one of the first calculated LC50s for PFHxS, which was much higher (89 mg/L) than the LC50 for PFOS. From these values, it appears that PFHxS is approximately 90 times less toxic to mosquitoes than PFOS alone. However, the toxicity of the mixture of the compounds combined at an environmentally relevant ratio is greater than for that of either chemical individually (Figure V-6), although still below measured environmental concentrations. Nonetheless, the higher toxicity of the PFAS mixtures suggests that researchers conducting future PFAS toxicity studies should consider testing relevant mixtures, particularly since PFASs generally co-occur in the environment (Baduel, et al. 2015).  Further, ecological risk assessments of individual PFASs may prove to not be the most appropriate methodology if additional toxicity studies reveal further synergistic effects of PFAS mixtures.
	A greater emphasis on evaluating the toxicity of PFAS mixtures has been a recent trend within the scientific community (Ding, et al. 2013, Rodea-Palomares, et al. 2012, Wei 2009). These studies have shown that the effect of PFAS mixtures on toxicity is not always consistent between mixture ratio formulations nor species. The results in the current study suggested a synergistic response of PFHxS with PFOS. However, Ding, et al. (2013) evaluated mixtures of PFOS and PFOA and found that some ratios had additive interactions, some had synergistic interactions, and some had antagonistic interactions. Further, the results of Ding, et al. (2013) were not consistent within a mixture at different time points in the study. Therefore, it is possible that mixtures of PFOS and PFHxS at different ratios or over a different duration may yield different interactive effects, further altering the toxicity of the mixture and decreasing the ability of risk managers to make informed predictions about the potential for adverse effects resulting from exposure to PFASs.
Several studies have shown that PFASs also behave in an unpredictable manner when combined with other commonly occurring anthropogenic chemicals in the environment (Rosal 2010, Gonzalez-Naranjo and Boltes 2014). For example, Gonzalez-Naranjo and Boltes (2014) completed a risk assessment for both PFOA and ibuprofen individually and within a mixture. They calculated ECx values (the threshold at which X percent of species are likely to experience toxic effects) and found that for lower ECx values, the mixture concentration was greater than for an individual chemical alone (suggesting antagonistic effects) while at higher ECx values, the mixture concentration was less than for an individual chemical (suggesting additive or synergistic effects). Alternately, Rodea-Palomares et al. (2012) found that PFOA and PFOS acted antagonistically together and with many heavy metals to a cyanobacteria. The varied effects found by mixture tests in the literature and the current study indicate that the risk estimates for real-world scenarios where PFASs occur with a multitude of other chemicals may be significantly inaccurate if the current method of using single-chemical risk quotients is applied. 
In this study, the lowest-observed effect concentration (LOEC) was 15 µg/L PFOS : 67.5 µg/L PFHxS, and therefore the NOEC was 7.5 µg/L : 33.75 µg/L PFHxS. The true threshold at which toxicity occurs for a mixture of this ratio, therefore, occurs between these two values. Although the amount of PFOS present in the NOEC ratio is similar to that observed in the field, of 7.07 µg/L PFOS, the amount of PFHxS in the ratio is still much higher than what was observed concurrent with PFOS in the field by Cochran (maximum of 4.43 µg/L, 2015). Therefore, although this study is among the first to present toxic effects that are clearly relevant at the population level at a concentration of PFOS and with a ratio of PFOS:PFHxS that can be found maintained in the environment, the amount of PFHxS necessary to cause those effects is unlikely to be present in the environment. However, the species used in this study is not the most sensitive species to acute exposure. It is possible to predict the toxicity of a chemical when an exact threshold is not known by using an acute-chronic ratio (ACR, Kenaga 1982). The confidence in predictions using this method is increased if the species are closely related (Ahlers, et al. 2006). Although the acute exposure duration for A. aegypti exposed to PFOS in this study (at least 24 days, up to 45 days) and C. tentans exposed to PFOS in MacDonald, et al. (2004, duration of 20 days) are not the same and therefore complicate the use of an ACR, it is still possible to apply the theory behind the use of ACRs. For this purpose, the chronic NOEC of exposure to PFOS and the PFAS mixture with A. aegypti will be compared to generate a ratio to predict the NOEC for C. tentans exposed to the PFAS mixture. In application, this leads to the prediction of a NOEC of 0.345 µg/L PFOS : 1.55 µg/L PFHxS. These values are well within those observed in environmental surface water samples, as seen by Cochran (2015) and others. Therefore, this study indicates that even low concentrations of PFASs, including those currently present in the environment, may cause adverse effects when organisms are exposed in tandem with other chemicals.
	The predominant effects of the PFASs tested were on mosquito survival and although no significant differences were observed for the mass at emergence when comparing exposed concentrations to the controls, two important significant trends were observed that could signal a potential for mass at emergence to be affected by exposure to PFOS. The first trend was that the mass of all mosquitoes at emergence increased significantly over time. The second was that PFOS exposure significantly decreased the time to emergence of mosquitoes. Decreased gestational periods and altered thyroid hormones have been noted in studies with mammals and fish exposed to PFOS (Luebker, et al. 2005, Shi, et al. 2009). Interestingly, PFOS has also been shown to alter the insect thyroid hormone analogue ecdysteroid, which plays an important role in regulating molting behavior (Mommaerts, et al. 2011). Taken together, it is reasonable to assume that with a larger sample size of emerged mosquitoes, the trends of decreased time to molt and increased mass at emergence for longer molts would combine to result in a significantly decreased mass at emergence of mosquitoes exposed to PFOS, perhaps explained by a modulation of ecdysteroid. This decreased mass at emergence correlates with decreased fecundity (Steinwascher 1984) and therefore adverse effects of exposure to PFOS at the population level that could potentially translate to increased risk of decline.
	The lowest concentrations in this study for which an adverse effect was observed were greater than environmentally relevant concentrations, as is true for the vast majority of studies involving PFASs. However, the concentrations in this study, especially those involving mixtures of PFASs, are at levels approaching environmental relevance. For this reason, researchers should give particular consideration to evaluating mixtures of PFASs when completing toxicity experiments in the future. Furthermore, many PFAS-contaminated sites are exposed to more chemicals than just PFASs, and the interaction between these chemicals as it relates to toxicity is still largely unknown in the scientific community. Additionally, to best ascertain the risk posed by these persistent chemicals, chronic studies should be a focus for the scientific community. With these guidelines in mind, the knowledge of the toxicity of these chemicals will be greatly improved.
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[bookmark: _Toc477279314]Figure V‑1. Survival of mosquitoes across one life-stage when exposed to PFOS. Each concentration is represented by a color, for which the middle line shows the number alive on that day and the upper and lower lines represent the upper and lower 95% confidence intervals from a Kaplan-Meier estimator, respectively. The plus symbol at the end of each line represents the total number emerged at the end of the study.
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[bookmark: _Toc477279315]Figure V‑2. Mass of emerged mosquitoes as a function of time to emergence. Mosquitoes were either exposed to 0, 50, 125, or 250 µg/L PFOS from first-instar through adulthood but all data were combined for this analysis.
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[bookmark: _Toc477279316]Figure V‑3. Time to emergence for mosquitoes exposed to PFOS. All treatments are scaled to 100% emergence, meaning that all mosquitoes in the treatment have either emerged or died when the line reaches the top of the graph. The mosquitoes exposed to 125 and 250 µg/L PFOS emerged significantly earlier than those exposed to 0 and 50 µg/L PFOS (p <<< 0.01).
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[bookmark: _Toc477279317]Figure V‑4. Survival of mosquitoes through development when exposed to a mixture of 1 part PFOS to 4.5 parts PFHxS. Each concentration is represented by a color, for which the middle line shows the number alive on that day and the upper and lower lines represent the upper and lower 95% confidence intervals in a Kaplan-Meier estimator. The plus symbol at the end of each line represents the total number emerged at the end of the study.
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[bookmark: _Toc477279318]Figure V‑5. Comparison of the results of multiple mortality studies conducted at different times. The solid bars show the results of studies conducted at different times, while the dashed bars show the results of a study conducted simultaneously, to ensure that the original studies were comparable despite being conducted across a period of several months.
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[bookmark: _Toc477279319]Figure V‑6. An important subset of the toxic results of A. aegypti after exposure to only PFOS, only PFHxS, or a mixture of those two chemicals. Similar toxicity, as indicated by the number of individuals that did not survive to emergence, was seen at a much lower concentration for PFOS than for PFHxS, and for the mixture than either chemical individually. This indicates that these chemicals are significantly more toxic when combined in an aquatic mixture.
CHAPTER VI
[bookmark: _Toc477278904]REVISITING PERFLUOROOCTANE SULFONATE (PFOS) CONCENTRATION IN THE EASTERN OYSTER, CRASSOTREA VIRGINICA, IN THE GULF OF MEXICO EIGHTEEN YEARS LATER
ABSTRACT
[bookmark: _GoBack]Per- and polyfluoroalkyl substances (PFASs) such as perfluorooctane sulfonate (PFOS) are surfactants, which led to their use in stick- and flame-resistant products and in fire-fighting foams. However, due to their bioaccumulative potential and long half-life, they were voluntarily phased out by the North American manufacturer in the early 2000s. Perfluorooctane sulfonate has a hydrolytic half-life of greater than 40 years and a large KOC, meaning that long-term studies of PFOS body burdens in benthic organisms will be particularly instructive in predicting the fate of PFOS. This project revisits sites along the Texas coastline from a study completed between 1997 and 1998 in which PFOS was measured in eastern oysters, Crassostrea virginica. The goal of the study was to characterize the change of PFOS concentration in C. virginica as a way to determine if the phase-out of PFOS has had an impact. Perfluorooctane sulfonate was found in oysters at all six sites sampled, ranging from 5.09 to 8.17 ng/g, and in the sediment at the four sampled sites, ranging from 0.21 to 0.35 ng/g. However, all values were between 12 and 70 times less than what was detected in the study from the late 90’s. These results indicate that the risk of chronic exposure to PFOS in locations that did not receive direct exposure may be decreasing as a result of the phase-out. Additionally, these results appear to indicate a best-case scenario for chemical phase-out and provide a framework for future work with other perfluorinated compounds.

INTRODUCTION
	A variety of factors influence the potential toxicity of a chemical in the environment. One critically important factor, the environmental fate of the chemical, determines the exposure which may result in toxicity (Zhuang, et al. 2015). In ecotoxicology, the chemical fate describes both the environmental compartment where the chemical accumulates and how long it is present before it is broken down or bound in a way that decreases its bioavailability (Klassen 2007). For example, chemicals that are easily volatilized or quickly degraded may not be present for enough time for organisms to receive a high level of exposure (Wilson 2013). Alternatively, compounds with a long half-life may express toxic effects over a period of years or even generations, and may do so at concentrations much lower than those that cause toxicity at acute exposure durations (Brennan, et al. 2006). The fate of a compound may be further altered by other properties including its organic carbon-water partitioning coefficient (KOC), solubility, or Henry’s law constant (Mackay, et al. 1997). These properties result in a large decrease of the bioavailability of a compound if it becomes strongly bound to a particular environmental compartment (such as sediment, see Ahrens, et al. 2009). Therefore, understanding the chemical fate of a potentially toxic compound is critical for accurately estimating ecological risk. 
	Per- and polyfluroalkyl substances (PFASs) are chemicals that are persistent in the environment (Beach, et al. 2006). They are characterized by carbon backbones with strong fluorine bonds, making them resistant to degradation (Torres, et al. 2009). This is one reason that background environmental concentrations remain generally steady despite the manufacturer ending production in 2002 (Lindstrom, et al. 2011). Other factors influencing the persistence of PFASs include their high KOC, indicating that they sorb to organic carbon within the environment and then may remain bound there, dependent on other abiotic factors such as salinity, pH, or the presence of other surfactants (You, et al. 2010, Pan, et al. 2009, Higgins and Luthy 2006). This environmental fate profile for PFASs indicates that exposure may be highest for sediment-dwelling aquatic organisms (Van de Vijver, et al. 2003, Hoff, et al. 2003), and therefore these may be most susceptible to long-term toxic effects.
In many locations where PFASs were heavily used, they entered the groundwater (Moody, et al. 2003) and may been slowly leaching into surface water (Miller 1980). However, the contamination of these chemicals has not been restricted to the locations at which they were used, as they have been found worldwide in freshwater (Hansen, et al. 2002, Kunacheva, et al. 2012) and marine environments (Ahrens, et al. 2010, Yamashita, et al. 2008). Troublingly, PFASs have even been found in the Arctic (Zhao, et al. 2012), an ecosystem that may be particularly affected by a combination of contaminant exposure and climate change (Letcher, et al. 2010, Macdonald 2005). Since PFASs have been found throughout the world, assessing the concentration of these chemicals in wildlife can provide important insight into the temporal and spatial trends of PFASs in the environment since the phase-out. Many published studies have collected samples of PFASs in wildlife throughout the world (Kannan, et al. 2002, Giesy and Kannan 2001, Senthilkumar, et al. 2007, Van de Vijver, et al. 2003, Hoff, et al. 2003, among many others). These studies can serve as benchmarks for PFAS concentrations and allow researchers to assess the bioaccumulation and spatial and temporal movement of the chemicals throughout the environment through revisiting and resampling previously studied systems or organisms. This is especially important for PFOS, which is one of the PFASs most commonly observed in environmental samples (Kunacheva, et al. 2012). Further, measuring the concentration of a chemical within an organism is a means of measuring the bioavailable fraction of that chemical to that receptor within the environment (Pascoe, et al. 1994).
	To aid in the ease of assessing contaminant exposure and risk over a large area, selecting a study organism that is ubiquitous across that area is of tantamount importance. 
Bivalves have a history of being used as sentinel organisms for monitoring pollution in coastal marine ecosystems (O'Connor 1996). Further, these organisms may live in directly or indirectly exposed sediment, because transported sediment typically accumulates where the movement of a water body slows. Extreme examples of this happen where one flowing body meets another, especially at the mouth of rivers. Here, large amounts of potentially contaminated sediments are deposited when flowing water meets the slower-moving ocean (Bates, 1953). These environments tend to be nutrient-rich, turbid, and a quality habitat for marine life (Glenn, et al. 1992). Extensive and biodiverse communities often form in these shallow waters (Ramberg, et al. 2006, Wang, et al. 2009) that may be particularly vulnerable to the introduction of toxic chemicals via contaminated sediments. 
For PFOS, toxic effects, such as decreased reproduction or mortality, may be most pronounced for sediment-dwelling filter feeders such as oysters. Living entirely within potentially PFOS-contaminated sediment can lead to these organisms receiving relatively high chronic exposures that may then translate to important toxicological effects. A marine bivalve that lives throughout a large area of potentially exposed near-shore ocean, the Eastern oyster (Crassostrea virginica), can serve as a sentinel species for PFOS exposure due to its presence in this location. This species is also a good indicator for PFOS exposure because it is long-lived and therefore may receive chronic exposure over a period of decades (Buroker 1983). Oysters will receive exposure via two main routes, water-filtration and through PFOS sorbed to organic carbon in the sediment (Bergquist, et al. 2006). Additionally, they preferentially ingest suspended organic material and therefore will be exposed to contaminants, particularly those like PFOS with a large KOC (Newell and Jordan 1983). Importantly, a previous study reported the body burdens of C. virginica to PFOS and therefore serves as a good point of comparison for the change of exposure over time (Kannan, et al. 2002).
	Kannan, et al. (2002) serves as a benchmark for PFOS exposure in oysters before the cessation of production. Crucially, they measured PFOS concentrations in oysters collected in locations that are relatively easy to access along the Texas coastline but also collected oysters in nearby locations in which PFOS concentrations were below the detection limit. These locations can serve as “exposed” and “reference” sites, respectively, for future research and comparison. The purpose of this study was to assess PFOS concentrations in C. virginica collected at a subset of the same locations as Kannan, et al. (2002) to discover if the phase-out of PFOS production and use has decreased detectable concentrations of the chemicals approximately 18 years later. Additionally, the analytical method included an attempt to detect four other PFASs, PFHpA (Perfluoroheptanoic acid), PFOA (Perfluorooctanoic acid), PFNA (Perfluorononanoic acid), and PFHxS (Perfluorohexane sulfonate), which are also considered contaminants of emerging concern (Glassmeyer, et al. 2017) and appear in the Third Unregulated Contaminant Monitoring Rule list (EPA 2012). I hypothesize that PFOS levels will have decreased in oyster samples since the sampling effort of Kannan, et al. (2002) due to the cessation of use in Texas and the greater United States, but that detectable concentrations of the chemical will remain. I then discuss my findings with respect to surveys of PFOS in other parts of the world including current use patterns and the implications of the phase out.

METHODS
	A subset of sites were chosen from those visited by Kannan, et al. (2002). Those sites located on the Texas coast were visited in June of 2015 in order to determine whether they were easily accessible by wading from the shore. The presence of C. virginica was additionally observed at each site at this time. Those sites that were both accessible and at which oysters could be found were noted in preparation for a sampling event later in the year (Table VI-1). 
Sample Collection
	Sample sites were re-visited in October, 2015 for collection of oysters. This date was chosen for a number of reasons: it was after peak reproduction season, to prevent drastically altering population by removing gravid females; it was before open harvest season, to avoid competition with local fishermen; and the chosen sampling week allowed all the sites to be visited at or near low tide during daylight hours. Furthermore, and most importantly, it was at a similar time of year as Kannan, et al. (2002), who visited the same sites in December of 1996. Although I did not sample sites during the same month as Kannan, et al. (2002), I expected river flows, and therefore PFOS transport and dilution rates, to be similar as winter tends to be the season of least precipitation along the Texas coast (Shepherd and Burian 2003). Unfortunately, a red tide event shortly before the sampling event made collection at both Corpus Christi sites impossible (Sikes 2015). Further, oysters could not be found at the Houston Yacht Club, Carancahua Bay, or Gallinipper Point sites. At each site, a similar procedure to that of Kannan, et al. (2002) was followed. All oysters were collected by hand as the depth of the water column at all sites was not enough to require tongs or dredge. Ten C. virginica were collected at each site, shucked, and immediately put onto ice. Although Kannan, et al. (2002) collected twenty oysters at each site, pre-collection testing in the laboratory revealed that ten collected oysters would provide enough mass for the extraction and analytical method. Shells were returned to the water. Sediment was also collected where possible in the immediate vicinity of collected oysters by submerging a sample jar into the sediment, removing the cap, and dredging the jar through the sediment. These sample jars were also immediately put on ice after collection. Additionally, all samples were kept on ice while in the field. Upon returning to the lab, samples were placed in a -5 ºC freezer overnight. Processing of the samples began the next day.

Sample Analysis
	To prepare for analysis, samples were initially weighed. They were then dried for 48 hours at room temperature in a laboratory hood. Their dry weight was obtained and oysters from each sample site were randomly combined into three samples of approximately equal mass. The same procedure was followed to obtain three sediment samples from each field site. Oyster samples ranged from 1.5 to 6.6 g and sediment samples were approximately 40 – 60 g. All samples were then processed via the QuEChERS method. Briefly, the dried and homogenized samples were added to a tube containing 4 g anhydrous magnesium sulfate and 1 g sodium chloride. Ten mL of acetonitrile and 2 mL of milliQ water were each added to the tube which was then closed, vortexed, and left on a shake table overnight. The tubes were then vortexed before being centrifuged at 0º C for 15 minutes. The supernatant was collected and transferred to a second tube containing 900 mg anhydrous magnesium sulfate, 300 mg PSA, and 150 mg C18. These new tubes were vortexed and centrifuged for 15 minutes. They were then placed in a -20º C freezer for at least three hours and the supernatant was filtered into a new tube through a 0.2 µm cellulose acetate syringe filter. Recovered volumes were recorded and the samples were evaporated to dryness. They were then reconstituted to 0.5 mL using methanol before being transferred to microcentrifuge tubes containing 0.2 µm cellulose acetate filters. These were spun for 2 minutes at 4500 rpm and the remaining liquid was transferred to polypropylene LC vials.
Each vial was also spiked with a 100 µg/L mixture of two internal standards (13C2-PFOA and 13C4-PFOS) to determine instrumental ion suppression. These were used as the standards for the five PFASs for which the instrumental procedure was setup to detect, PFHpA/PFOA/PFNA and PFHxS/PFOS, respectively. A Thermo Fisher Scientific Triple Stage Quadrupole Quantum liquid chromatography tandem mass spectrometer (LC-MS/MS) was used to quantify PFAS residues. Separation was accomplished using a Gemini-NX C18 column (150 mm x 2.0 mm, 3 µm; Phenomenex), with gradient elution. The mobile phase consisted of methanol and 20 mM ammonium acetate in water, with a flow rate of 0.3 mL/min. Blanks of milliQ water and QC samples were run after half of the samples were complete and at the end of the run to check for instrumental error and matrix effects. The lowest calibration standard, 10 µg/L, was used to determine the limit of detection (LOD).
Pearson’s correlation coefficient was calculated to test for a correlation between the sampled concentrations in Kannan, et al. (2002) and this study. This was performed using program R (R Core Team 2016) and alpha was set to 0.05.

RESULTS
	The amount of PFOS in oyster samples ranged from 5.09 to 8.17 ng/g-dw across the six sites sampled, with an overall mean of 6.73 ng/g-dw. Sediment concentrations of PFOS were also relatively consistent, ranging from 0.21 to 0.35 ng/g-dw across the four sites at which sediment was collected, with a mean of 0.26 ng/g-dw (Table VI-2 and Figure VI-1). Other PFASs ( PFHpA, PFHxS, PFOA, and PFNA) were not detected by instrumental analysis in either sediment or oyster samples. No obvious spatial trend existed nor did the concentrations observed by Kannan, et al. (2002) correlate with those calculated in the current study (p = 0.6073). Furthermore, the sediment concentrations did not correlate with the observed oyster concentrations (p = 0.8003).

DISCUSSION
	Perfluorooctane sulfonate was detected in oysters at all six sampled locations. This is in contrast to the results of Kannan, et al. (2002), who found detectable concentrations at five of the re-sampled sites: Eagle Point, Freeport, Brownsville, Port Lavaca, and Galveston. However, the limit of detection (LOD) for the current study was much lower than that of the Kannan, et al. (2002) study. In fact, the values for PFOS determined by this study all appear to be below the LOD in the previous study, where the lowest LOD for any sample appears to have been <42 ng/g. A comparison between the concentrations of other PFASs may not be made, as Kannan, et al. (2002) did not test for PFASs other than PFOS. Overall, the results suggest a decrease in PFOS concentrations in the sentinel oyster species, further suggesting that the voluntary phase-out of PFASs may be causing lower environmental exposures. 
At locations where PFOS concentrations were detected both by this study and Kannan, et al. (2002), the current measured concentrations were between approximately 60 to 70 times lower than they were during the previous sampling event. Further, all concentrations measured in this study were of approximately the same amount, between approximately 5 and 8 ng/g-dw. Although the ability to directly compare oyster concentrations between those collected in the current study and those collected in Kannan, et al. (2002) may be slightly limited by the minor difference between sampling time during the year, it is highly unlikely that the potential difference in PFOS water and sediment concentrations caused by the seasonal variations in flow rate and precipitation could account for the large PFOS oyster burden differences observed. Previous work has shown that although PFOS water concentrations vary between wet and dry seasons (Hu, et al. 2011), the magnitude of that difference (less than 5-fold at most locations) is not nearly large enough to explain the 60-70-fold difference observed in this study, when compared to Kannan, et al. (2002). Furthermore, both the sampling from the current study and that by Kannan, et al. (2002) occurred during the same season, when large amounts of precipitation that could drastically change the concentration of PFOS in the environment are not common (Shepherd and Burian 2003). 
The concentrations of PFOS in oysters found by Kannan, et al. (2002) in their study was similar to the concentrations found by a number of studies around that time. In the collections of Kannan, et al. (2002), the observed concentrations were from <42 to 1225 ng/g-dw with a median value of 387 ng/g-dw. Many other studies were published in the early 2000s in which bivalves were collected and analyzed for PFOS concentrations. For comparison, the Mediterranean mussel, Mytilus galloprovincialis, was reported to have concentrations ranging from 37.04 to 125.93 ng/g-ww in a 2005 collection (Cunha, et al. 2005). Wet weights and dry weights require modification in order for direct comparisons to be made, which were done by Cunha, et al. (2005), who concluded that their reported values were similar to Kannan, et al. (2002), which would have been expected to range from 10 to 92 ng/g-ww. A collection of the Pacific oyster, Crassotrea gigas, by Tseng, et al. (2006), reported concentrations of 250 and 330 ng/g-dw. Bivalves are not the only benthic species that were sampled to determine PFOS concentrations in wildlife around the time of the phase-out. Van de Vijver, et al. (2003) sampled the Common shrimp, Crangon crangon, the Green crab, Carcinus maenas, and the Common starfish, Asterias rubens, and found mean concentrations ranging from 16 to 319 ng/g-ww, with a maximum single concentration of 877 ng/g-ww in C. maenas. Therefore, it appears that all collections of lower trophic-level benthic macroorganisms that occurred around the time of the phase-out of PFOS are similar and comparable to the burdens observed by Kannan, et al. (2002), suggesting that those values are accurate and representative of worldwide concentrations at the time.
Other studies have been published recently in which oysters were collected and then analyzed for PFOS burdens. Yoo, et al. (2009) found oysters in an anthropogenically impounded salt-water lake in Korea to have a mean PFOS concentration of 1.1 ng/g-ww. A collection of C. gigas that was completed by 2009 did not detect PFOS in any of 18 samples despite a limit of detection of between 0.07 and 0.22 ng/g-ww (Fernandez-Sanjuan, et al. 2010). Another study collected oysters and mussels in Hong Kong (Zhao, et al. 2014) and found PFOS concentrations ranging from 0.25 to 0.83 ng/g-ww and 0.41 to 1.47 ng/g-ww, respectively. Although all these values are given in ng/g-ww instead of ng/g-dw, using the comparison ratio as conducted by Cunha, et al. (2005) indicates that the values detected by Yoo, et al. (2009), Fernandez-Sanjuan, et al. (2010), and Zhao, et al. (2014) are comparable to the values detected in C. virginica in the current study. These data provide important evidence that the values observed in the current study are accurate and representative of the burdens observed in bivalves throughout the world currently. It is important to note, however, that the bivalve studies mentioned would generally represent “background” exposures to PFASs and not direct exposure resulting from a contamination event (e.g., Moody, et al. 2002), historical outdoor use (e.g., Cochran 2015), or an old manufacturing plant (e.g., D'Hollander, et al. 2014). 
Comparing the observed PFOS concentrations between studies that occurred around the time of the phase out and more recently, after concentrations would have been expected to begin to decrease, can provide important insight into trends of PFAS concentrations within wildlife over time. This is particularly informative when comparing between two studies that occurred around the same time of year and collected the same species of organisms using similar methods such as the current study and the one by Kannan, et al. (2002). This comparison indicates that background PFOS concentrations may be decreasing along the Texas Gulf Coast. Further comparisons may be made between bivalve collections in similar locations, such as between Cunha, et al. (2005) and Fernandez-Sanjuan, et al. (2010), which both collected their samples in the Iberian Peninsula or Tseng, et al. (2006) and Zhao, et al. (2014), which both collected their samples in south-east Asia. Although a direct comparison as made between the current study and Kannan, et al. (2002) is not possible, both of these comparisons show that the concentration of PFOS in bivalves may have decreased significantly in the time since the first study. 
Bivalves have been shown to depurate PFASs, including PFOS, at a rate that is particularly rapid when compared to other organisms (Jeon, et al. 2010). Therefore, they are likely show a comparatively rapid return to a non-detectable amount of PFOS after the cessation of exposure compared to other organisms. However, several recent studies, including the current one, have found detectable amounts of PFOS in bivalves. The implication of this is that although PFOS may no longer be used upstream to the same extent or in the local areas of the sample sites, it remains present in the groundwater, surface water, and/or sediment and is slowly being transported downstream into nearshore benthic ecosystems. However, it would be expected that over time these concentrations would continue to decrease as PFOS continues to be degraded in the environment and as source concentrations continue to presumably decrease. 
	The implication of the observed PFOS concentrations, present in the environment over a decade after the cessation of production of the chemical, seems to be positive as it relates to toxicity. Although chronic toxicity data for PFOS are scarce, what research has been conducted indicates that the concentrations of PFOS to which oysters were found to be exposed in this study are less than those found to cause toxic effects in the most sensitive organism evaluated to date (MacDonald, et al. 2004), and therefore are not at a level high enough to cause long-term toxic effects. If this trend were to be repeated elsewhere globally, it would indicate that the phase-out of PFOS may have been successful in reducing chronic exposure to the chemical before environmental concentrations reached levels that would cause adverse effects over the long-term. However, more research is necessary to confirm this hypothesis, especially in areas where historic concentration data exists. Recent research indicates that PFOS may not behave as expected of a non-volatile compound, as shown by detection in the Arctic, far removed from where it was used (Martin, et al. 2004). Further work could also be completed using study species with livers, as this has been shown to be the organ with the highest concentration of PFOS accumulation (Martin, et al. 2003).
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[bookmark: _Toc477278988]Table VI‑1. Site names and latitude and longitude coordinates for potential Texas coast oyster sampling sites.
	Site name
	Latitude (N)
	Longitude (W)
	Detectable PFOS in Kannan, et al. (2002)?
	Corresponding location number in Kannan, et al. (2002)

	Port Arthur
	29º 47’ 27”
	93º 54’ 23”
	No
	30

	Houston Yacht Club
	29º 37’ 19”
	94º 59’ 45”
	Yes
	11

	Eagle Point
	29º 29’ 45”
	94º 54’ 33”
	Yes
	15

	Galveston
	29º 17’ 2”
	94º 50’ 10”
	Yes
	10

	Freeport
	28º 55’ 16”
	95º 20’ 22”
	Yes
	7

	Carancahua Bay
	28º 39’ 54”
	96º 22’ 59”
	No
	19

	Port Lavaca
	28º 39’ 37”
	96º 35’ 4”
	Yes
	5

	Gallinipper Point
	28º 34’ 44”
	96º 33’ 47”
	No
	16

	Corpus Christi East
	27º 51’ 8”
	97º 21’ 35”
	Yes
	12

	Corpus Christi West
	27º 50’ 10”
	97º 22’ 49”
	Yes
	4

	Brownsville
	26º 5’ 6”
	97º 10’ 12”
	Yes
	2
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Table VI‑2. Concentration of PFOS in Crassotrea virginica and sediment at field sites along the Texas coast where oysters could be collected by hand in this study.
	Site Name
	Concentration in C. virginica (mean ± sd, ng/g)
	Concentration in sediment (mean ± sd, ng/g)
	Concentration in C. virginica from Kannan, et al. (2002) (mean ± sd, ng/g)

	Eagle Point
	8.17 ± 2.45
	0.21 ± 0.03
	549 ± 67

	Freeport
	8.01 ± 0.27
	Not sampled
	480 ± 60

	Brownsville
	7.63 ± 2.24
	0.35 ± 0.04
	540 ± 71

	Port Lavaca
	5.43 ± 1.70
	0.25 ± 0.01
	1225

	Port Arthur
	5.09 ± 1.23
	0.24 ± 0.01
	<63 (i.e., <LOD)

	Galveston
	6.02 ± 1.41
	Not sampled
	430 ± 71
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[bookmark: _Toc477279320]Figure VI‑1. Means and standard deviations of PFOS concentrations in C. virginica collected on the Texas coast. From right to left, locations are: Port Arthur, Galveston, Eagle Point, Freeport, Port Lavaca, and Brownsville. For reference, the mean oyster burden determined by this study followed by the value from Kannan, et al. (2002), in µg/g, is presented next to a bar graph of concentrations. Each bar graph is on the same scale, with the largest number on the y-axis being 9 µg/g.
CHAPTER VII
[bookmark: _Toc477278905]AN ASSESSMENT OF CHRONIC ECOLOGICAL RISK FROM EXPOSURE TO PERFLUOROOCTANE SULFONATE (PFOS) AT MACK’S BAYOU, BARKSDALE AIR FORCE BASE, SHREVEPORT, LA
ABSTRACT
	In this chapter, chronic risk estimates are presented for aquatic communities in bayous contaminated with perfluorooctane sulfonate (PFOS) at Barksdale Air Force Base, Shreveport, LA. The risk estimates were further characterized by comparing chronic effect thresholds to PFAS exposure estimates obtained from studies in the literature. The potential for a chemical to have adverse effects on ecological resources depends on a number of factors, of which the two primary are the amount and duration of exposure. However, exposure at a minimal dose, even over a long term, may not cause adverse effects to ecological receptors. Ecological Risk Assessment is the process used to determine the likelihood and magnitude of potential adverse effects. Risk estimates may be as simple as comparing an exposure concentration to a threshold of effects to generate hazard or risk quotient, or may involve probabilistic modeling. The most refined probabilistic risk assessments involve comparing a range of exposure estimates to a range of effect estimates to determine the chance that a set percentage of organisms may receive enough exposure to cause adverse effects and allows risk managers to make informed decisions. For aquatic receptors at BAFB, cumulative distribution functions (CDFs) were developed for PFOS water concentrations in addition to a species sensitivity distribution for chronic exposures to thirteen species. The result of these assessments was the quantification of the probability of exceeding the HC5 or HC10 – the concentration at which 5 or 10 percent of species, respectively, would exhibit an adverse effect – due to maintained PFOS concentrations. For assessments based on mean exposures, these probabilities were minimal, 0.079 and 0.024, respectively, for BAFB, and 0.07 and 0.012, respectively, for concentrations from the literature. These results indicate that the risk and the potential for adverse effects due to exposure to PFOS at BAFB and in surface waters throughout the world are of minimal concern. However, a number of uncertainties exist in these assessments and the confidence associated with the risk predicted here could be increased with additional knowledge of both water concentrations and chronic toxicity thresholds.

INTRODUCTION
	Perfluoroalkyl substances (PFASs) are an example of a persistent class of chemicals for which toxicity thresholds based on chronic studies best represent the nature of exposure in the field (Loos, et al. 2009). These chemicals were a main component of Aqueous Film Forming Foams (AFFFs) due to their surfactant nature. As a consequence of use in fire training activities, many of these chemicals contaminated the soil and eventually the groundwater (Moody, et al. 2003), which then acted as a source for continuous releases to surface water (Miller 1980). One particular chemical of this class, perfluorooctane sulfonate (PFOS), has been found worldwide in surface water samples (Boulanger, et al. 2004, Loos, et al. 2007) despite a phase-out in 2002. Frequent detection of PFOS is due to its stability, with a hydrolytic half-life greater than 40 years (Beach, et al. 2006). However, the vast majority of toxicity data for PFOS is of an acute or sub-chronic duration (Giesy, et al. 2010). Based on the persistence of PFOS, assessments based on acute toxicity data may underestimate the risk of PFOS for aquatic organisms by overestimating the threshold at which toxicity occurs (Oakes, et al. 2005).
	The toxicity of PFOS to different ecological receptors has been investigated in a number of studies but much uncertainty remains. To date, the most sensitive species evaluated has been the midge, Chironomus tentans, for which an EC50 for growth of 87 µg/L and a NOEC of 2.3 µg/L were determined (MacDonald, et al. 2004). A pair of review studies (Beach, et al. 2006, Giesy, et al. 2010) have collected available toxicity data and shown that the toxicity of PFOS is relatively low for the majority of species, including fish (Drottar and Krueger 2000a) and amphibians (Palmer and Krueger 2001). These authors additionally calculated benchmark protective chronic exposure concentrations of 1.2 µg/L and 5.1 µg/L, respectively. Although these values are similar to the NOEC for the most sensitive species, studies with additional taxa are necessary to further improve the understanding of the potential toxicity of the chemical. However, without measures or estimates of water concentrations present in the environment, toxicity thresholds do not provide adequate information regarding the potential for a chemical to cause adverse ecological effects.
	Ecological risk assessment (ERA) is the fundamental method by which ecotoxicological data is incorporated into decision making to support environmental management. Ecological risk assessments require a synthesis of exposure and effect data to estimate risk to ecological receptors (Suter 2006). Ideally, ERAs provide a quantitative estimate of the likelihood and magnitude of adverse effects to assessment endpoints. At the most basic level, this estimate of risk is achieved by comparing a single exposure concentration to a single effect benchmark, and results in a hazard or risk quotient (HQ or RQ, respectively) (Brix, et al. 2001). However, regardless of how robust the data, the HQ may dramatically over- or under-estimate risk and is generally fraught with uncertainty (Lemly 1996). Alternatively, using a probabilistic approach to risk assessments, that explicitly considers variability and multiple data points into the distribution of potential exposure and effects, can provide a much more defensible estimate of risk than an HQ (Brix, et al. 2001). Probabilistic risk assessments that include species sensitivity distributions (SSDs) increase the robustness and defensibility of a risk assessment by providing a range of potential effect thresholds for a variety of species (Wheeler, et al. 2002, Newman, et al. 2000). To date, few ERAs have been completed for PFOS (but see, Yu-Chen Lin, et al. 2010). Therefore, it is important to continue to refine risk estimates to further our understanding of the risk posed by PFOS.
	The most basic measures of effects in risk assessments come from standardized toxicity tests, which are currently required as part of the regulatory process for a number of chemical classes and uses (Sanderson, et al. 2003). Additionally, effects can be determined from other laboratory or field testing, observational field work, or environmental modeling (Suter 2006). However, for some chemicals, especially those for which chronic exposure is possible, these tests likely do not accurately represent the potential for adverse effects (van der Oost, et al. 2003). Chronic effects are often reported with the use of no-observed effect concentrations (NOECs), which remain a point of contention within the scientific community due to the arbitrary nature by which they may be determined (Laskowski 1995, Warne and van Dam 2008). However, the use of these endpoints has not been eliminated within the literature and often still provides important information about the potential for chemicals to cause toxicity (Green, et al. 2013).
When chronic exposure data are not available for a particular chemical or species type, a variety of methods may be used to develop an SSD for use in probabilistic risk assessments. These methods include applying safety factors to estimate thresholds between species (Kooijman 1987), applying statistical methods to build a more robust SSD (Wang, et al. 2008), using quantitative structure-activity relationships (QSARs) (McCarty, et al. 1985), or using an acute-chronic ratio (ACR) (Kenaga 1982). Ultimately, although these approaches can help build a range of effects for use in probabilistic assessments, the best assessments will draw from a large database of scientifically sound experiments (Van den Brink, et al. 2006, Forbes and Calow 2002), and utilize endpoints that relate to a response that may have an effect at the population level (i.e., not physiological or histological changes) (Suter 2006).
	In addition to developing an SSD based on chronic effects data, a probabilistic risk assessment for PFOS will require developing a distribution of potential exposure values. For this work, these data will come from a site, Barksdale Air Force Base (BAFB), in Shreveport, LA, where PFASs were historically used in AFFFs. Two locations at this site were historically utilized as firefighting training areas. These training areas are near moving water bodies, Cooper’s and Mack’s Bayous, and the site also has a stationary groundwater aquifer. Concentrations of PFASs in the Bayous measured during sampling periods from 2013-2014 (Cochran 2015) will be used as a case-study risk assessment. Further, a large dataset of exposure concentrations will be developed using modeling techniques developed in this dissertation to demonstrate how this method can be utilized to predict risk. Finally, the SSD generated in this study will be compared to distributions generated from surface water concentrations in the literature as a way to further characterize the relative risk estimated at BAFB.
	The objectives of this work are three-fold: 1) to develop a chronic SSD for aquatic organisms exposed to PFOS, 2) to complete an aquatic risk assessment for BAFB, and 3) to further characterize risk estimates at BAFB using a preliminary probabilistic chronic risk assessment for aquatic systems for PFOS exposure data from the literature.

METHODS
Case Study ERA: BAFB
	Barksdale Air Force Base is an active military airbase located in Shreveport, in northwest Louisiana. Two locations on this base were historically used as fire training areas at which PFAS-containing AFFFs were used. The use of AFFFs led to the contamination of the surface water of Mack’s and Cooper’s Bayous, which surround the training areas on the north, east, and south sides. Groundwater contamination has also been detected at this site, and it is likely that contaminated groundwater has served as a source for the continued contamination of the surface water after the cessation of fire training with PFAS-containing AFFFs (Cochran 2015). Flowing water eventually exits the base to the south via the Flat River. Collections of fish from the bayous during multiple sampling events in 2013-2014 found detectable levels of several PFASs (Lanza, et al. In press), indicating that organismal exposure to PFASs may pose a risk to ecological receptors in the aquatic environment.

Overview of Risk Assessment Approach
Chronic exposure species sensitivity distributions were generated using data located in the literature and from previous experiments (Chapters IV, V). An effort was made to find toxicity values for each of the groups necessary for a Tier I threshold as established by the Great Lakes Initiative (GLI, US EPA. 1985). These families are: the family Salmonidae; a second family in Osteichthyes, preferably Cyprinidae; a third family in Chordata; a planktonic crustacean; a benthic crustacean; an aquatic insect; a family in a phylum other than Arthropoda or Chordata; and a family in any order of insect or phylum not already represented. Chronic toxicity data for all of these families were found in the literature or were already discussed in this dissertation with the exception of the family Salmonidae, for which a chronic endpoint was estimated using an ACR, discussed in greater detail below.
Environmental exposure concentration datasets were developed using data from BAFB and from studies in which measured means and standard deviations were published. A further distribution of exposure was developed using the NetLogo model for fish exposure (Chapter III) for a fish in each exposed reach of BAFB. To estimate risk, the probabilities of exceeding several commonly recognized thresholds were calculated. The procedure for this involved identifying the point on the SSD that corresponded to 5% of species affected (the HC5) and the point on the SSD that corresponded to 10% of species affected (the HC10). These points were then used to determine the probability that a water concentration would exceed that value, from the water concentration cumulative distribution function (CDF, Posthuma, et al. 2002). This procedure was completed for water concentrations in the exposed reaches of BAFB as collected by Cochran (2015) and the distributions generated using the NetLogo exposure model (Chapter III), and for concentrations of water worldwide and resulted in estimates of the probability of exceeding water concentrations that would protect 90 (HC10) and 95 (HC5) percent of species. The exposure distributions were also compared to previously calculated benchmarks for aquatic effects (Table VII-1).

Species Sensitivity Distributions for Effects
	Effect metrics were collected by searching the literature for chronic effects to aquatic organisms. Only studies that reported endpoints that represented the potential for adverse effects on a community or population level were utilized to build the SSDs, i.e., growth, reproductive, or survival effects. When multiple endpoints of these types were reported for the same species, the geometric mean of the NOECs was calculated and this single value was utilized in the SSDs (as in Brix, et al. 2001). Two SSDs were developed for the purposes of this study, one containing data from all aquatic organisms and one only containing data from studies with fish. To increase the number of effect endpoints in the SSDs, chronic values were calculated for Tier I GLI species lacking chronic endpoints using the most conservative published ACR of 21 developed in Qi, et al. (2011). The final SSDs were generated by fitting the toxicity data with logistic regression following procedures outlined by the EPA (2005).
Previously calculated benchmarks for aquatic effects were also located in the literature. For example, Qi, et al. (2011) derived a predicted lowest no-effect concentration of 0.61 µg/L based on the mode of action of PFOS with the use of an ACR. Beach, et al. (2006) calculated that a water value of 1.2 µg/L would be protective for aquatic organisms using Great Lakes Initiative methods (US EPA 1985). The Criterion Continuous Concentration, the highest concentration that an organism can be exposed to without resulting in an adverse effect, was later calculated by Giesy, et al. (2010) to be 5.1 µg/L. The probability of water concentrations exceeding these thresholds were calculated to provide an esimate of risk. 

Exposure at BAFB
	Fish were sampled at eleven locations along the bayous by Cochran (2015). For the purposes of this ERA, the locations were clustered into three discrete, spatially separated, areas. One of these, the Weapon’s Bridge site, was located at a large riffle area, which is a potential barrier to fish movement (see Warren and Pardew 1998). Therefore, I compiled the water concentration values from Cochran (2015) into three reaches: (1) Upstream (containing the Extreme Upstream, West of Upstream, and Upstream sites), (2) Weapon’s Bridge, and (3) Downstream (containing the Fire Training Area-1, Upper Tributary, South Upper Tributary, Upper Tributary at South Mack’s Bayou, South Cooper’s Bayou, South Mack’s Bayou, Confluence, and Lower Confluence sites). Although the sizes of each of these reaches are not equal, no obvious barriers to fish movement existed during the period of sampling within each reach. Furthermore, the closest sampling locations from each of these reaches were at least 1 km distant from each other, which may represent a greater distance than the species of fish collected at BAFB are likely to travel (Rodriguez 2002, Funk 1957). Therefore, it is possible that an individual organism in each reach could have traveled throughout the reach during the sampling period but would have been unlikely to travel between reaches. Non-detect samples were set equal to one-half of the limit of detection (as in Munoz, et al. 2015). All reported concentrations from Cochran (2015) for relevant reaches were included in the data sets as individual data points. This resulted in an n of 10, 9, and 37 for the Upstream, Weapon’s Bridge, and Downstream reaches. The data for each reach were then combined into individual CDFs that could be compared to the SSDs for aquatic organisms at the HC5 and HC10 and the benchmark values of Beach, et al. (2006), Giesy, et al. (2010), and Qi, et al. (2011) (Table VII-1). In addition to making CDFs around the mean, the 75th and 95th percentile values for exposure were calculated and compared to the SSD for aquatic organisms at the HC5.
	The NetLogo model for uptake (Chapter III) was modified in two ways for use in this assessment. The first involved including a variable so that the maximum exposure concentration for fish could be recorded at each time step. The mean and standard deviation of the sample concentrations from Cochran (2015) for the reach downstream of Weapon’s Bridge from the August 2013 sampling event were then used to determine the concentration of the water “patches”. To provide a greater potential range of exposure values, the “river” of patches was modified to be 100 patches by 100 patches (10,000 total patches). Ten fish were then spawned into random patches and allowed to travel through the river with no limit to the total distance from each’s home patch for 10,000 time steps (one time step = one hour). The maximum concentration of the water patches occupied by the fish at the end of each time-step was recorded and this distribution was used to create a CDF for modeled exposure. This methodology was utilized to calculate a conservative (e.g., high-end) risk estimate. This CDF was compared to the SSD for fish at the HC5 and HC10 and the benchmark values of Beach, et al. (2006), Giesy, et al. (2010), and Qi, et al. (2011) (Table VII-1). The second way the model was modified was via the inclusion of a total exposure variable for each fish so that average exposure per fish could be observed. The average exposure per fish over a 47-day period was modeled and compared to the benchmarks for Pimephales promelas from Drottar and Kreuger (2000a). The exposure period was chosen because it was the longest duration for which a toxicity study involving fish was found in the literature (Table VII-2).

Characterizing PFOS Exposure Estimates Using Published Sample Data
	In order to provide additional perspective on any potential risk identified at BAFB, the literature was queried for manuscripts that reported PFOS concentrations in water. Specifically, I looked for manuscripts that reported surface-water concentration means and standard deviations. The goal was to develop a dataset of PFOS water concentrations that could be used to generate predicted distributions at the mean, 75th, and 95th percentile values. Mean values were transformed to the 75th and 95th percentile by multiplying the standard deviation of the mean by 1.349 and 1.96, respectively, and adding these values to the mean. Non-detect means were excluded from the 75th and 95th percentile analysis due to the lack of a standard deviation for those values. Water concentration distributions for each of these percentiles of exposure were created as CDFs by fitting a log-probit curve to each data set. The probability of water concentrations on each CDF were determined for the threshold values of the HC5 and HC10 from the SSD for aquatic species created in the current study and the benchmark values of Beach, et al. (2006), Giesy, et al. (2010), and Qi, et al. (2011) (Table VII-1).
	All calculations were completed and distributions developed using program R (R Core Team 2016).

RESULTS
Species Sensitivity Distributions for Effects
Published studies in which survival, growth, and/or reproduction were evaluated for a chronic duration were found for a variety of aquatic animals (Zhang, et al. 2014, Boudreau, et al. 2003, Li 2010, Jeong, et al. 2016, MacDonald, et al. 2004, Drottar and Krueger 2000a,b, Cui, et al. 2016, Wang, et al. 2011, Du, et al. 2009, Ankley, et al. 2004, Bots, et al. 2010, Sharpe, et al. 2010, Palmer, et al. 2002a,b, Palmer and Kreuger 2001). These endpoints related directly to survival, reproduction, and growth, and the species evaluated included frogs, fish, and invertebrates (Table VII-2). However, chronic toxicity data for the family Salmonidae were not readily available in the literature, so acute toxicity data for this family were modified using the most conservative ACR for PFOS (i.e., the largest ACR, which would provide the lowest chronic values; Qi, et al. 2011). The smallest no-observed effect concentration from these studies was for Chironomus tentans, of 2300 ng/L (MacDonald, et al. 2004). The chronic studies in this dissertation, involving Lymnaea stagnalis and Aedes aegypti, were also added to the data set to increase n, to increase representation of Tier I groups not covered by published endpoints, and to decrease the uncertainty in the species sensitivity distribution (Figure VII-1). The HC5 and HC10 determined from the SSD for all taxa were approximately 4750 and 10350 ng/L, respectively. The HC5 and HC10 determined from the SSD for only fish were approximately 17500 and 29400 ng/L, respectively. The probabilities of water concentrations exceeding these values and the benchmarks of Beach, et al. (2006), Giesy, et al. (2010), and Qi, et al. (2011) for each of the three BAFB reaches and for published water concentrations are presented in Table VII-3.

Case Study ERA: BAFB
Cumulative distribution functions were generated for each reach of BAFB. Means and standard deviations for each reach were as follows: upstream, 536 ± 1110 ng/L; Weapon’s Bridge, 326 ± 393 ng/L; and downstream, 938 ± 1424 ng/L (i.e., Figure VII-2). The probability of the 75th and 95th percentile concentrations exceeding the HC5 were less than 0.2 for all reaches, indicating a low probability of adverse effects (Table VII-4). The maximum probabilities were observed for the downstream reach, of 0.117 and 0.181 for exceedances of the 75th and 95th percentile, respectively. The mean and standard deviation used to populate the patches in the NetLogo model was 145 ± 45 ng/L. The mean and standard deviation of the modeled maximum exposure concentration from the model was 258 ± 19 ng/L. A CDF was developed using the modeled exposure concentrations (Figure VII-3). The probability of the modeled water concentrations for BAFB downstream of Weapon’s Bridge from August 2013 exceeding any protective values were all <0.0001. The probability of the average water concentration exceeding the NOEC of Drottar and Kreuger (2000a) was <0.0001 (mean = 0.145 µg/L, stdev = 0.0012 µg/L, max = 0.148 µg/L).

Characterizing PFOS Exposure Estimates Using Published Sample Data
Nine manuscripts were discovered in a literature search for studies containing water concentration values for sites representing background concentrations or located near a point source of PFOS release (Jin, et al. 2009, Ahrens, et al. 2010, Hansen, et al. 2002, Harada, et al. 2003, Pan and You 2010, Orata, et al. 2009, Flores, et al. 2013, B. Boulanger, et al. 2004). When combined into one dataset, values representing the mean concentration at sites ranged from 0.42 ng/L to 703 ng/L. The range of the 75th percentile and the 95th percentile were 0.46 ng/L to 2860 ng/L and 0.47 ng/L to 3730 ng/L, respectively. These data were combined with those representative of each reach sampled by Cochran to increase the robustness of the set. A CDF was generated for each of the three datasets (Figure VII-4). The maximum exceedance probabilities, of 0.118, were predicted for the 95th percentile of water concentrations to the benchmark of Qi, et al. (2011). However, the overwhelming majority of exceedance risk predictions were less than 0.073 (Table VII-4).
DISCUSSION
	This work indicates a low potential for adverse effect to aquatic organisms resulting from chronic PFOS exposure. The HC5 determined by this study for all aquatic species was very similar to the protective continuous exposure concentration developed in the most recent review paper (Giesy, et al. 2010). This congruence provides some confidence in the toxicity threshold for aquatic systems exposed to PFOS. In the case-study for BAFB, the probability of mean water concentrations exceeding the HC5 and HC10 values was 8.4% or lower (Table VII-3). However, the probability of exceeding the older threshold from Beach, et al. (2006), the most conservative threshold of Qi, et al. (2011), or the upper bounded water concentrations at BAFB was greater than 0.1 in many cases, with a maximum probability of 0.336 for downstream BAFB mean concentrations of exceeding the values of Qi, et al. (2011) (Tables VII-3 and VII-4). These results indicate a clear potential for adverse effects, although this potential is generally minor. Further, I developed a dataset of water concentrations from samples collected and published in the literature, and used this to develop a distribution of samples for probabilistic analyses as a way to further characterize risk at BAFB. When compared to a distribution of chronic toxic endpoints, the overlap in curves was minimal, indicating that background concentrations of PFOS maintained in water bodies do not pose a great risk to aquatic communities. Hence, it would not seem that risk estimates for aquatic species are significantly greater at BAFB than from other PFOS-contaminated areas but that risk may exist for the most sensitive species in some cases.
The risk assessment for BAFB suggested a relatively low, but plausible, risk to the majority of species comprising the aquatic community in all three reaches of Mack’s Bayou. The downstream reach had the greatest water concentrations and therefore the greatest predicted risk. Over 33% of water concentrations in this reach exceeded the predicted lowest NOEC calculated by Qi, et al. (2011). Additionally, approximately 23% of water concentrations exceeded the protective threshold value of Beach, et al. (2006) but only 8% to exceed a similarly derived value by Giesy, et al. (2010). The use of NOECs in risk assessments remains a point of scientific debate due to a variety of problems inherent in the calculation of these values, including that they vary based on exposure duration, experimental setup including the choice of exposure concentrations, they cannot always be determined, and that statements of precision and uncertainty are not possible when using these thresholds (Fox 2009, Jager, et al. 2006). Furthermore, the effect to the aquatic community of simply exceeding the most sensitive estimated NOEC is of questionable meaning (i.e., see Klepper, et al. 2009). Of greater potential relevance is the probability of exceeding other benchmark values such as those calculated by Beach, et al. (2006) and Giesy, et al. (2010). These benchmarks were derived using similar methods, with the value derived by Giesy, et al. (2010) obtained from a greater set of toxicity data. Therefore, the relatively high probability of exceedance of the threshold from Beach, et al. (2006) likely represents an older assessment and is less representative of actual toxicity thresholds than the minimal risk predicted by a comparison to the benchmark of Giesy, et al. (2010) or to the HC5 developed by this assessment (Table VII-1).
Very minimal risk was predicted for all fish species using modeled potential exposure concentrations at BAFB. This was, in part, due to the relatively high chronic toxicity endpoints determined for fish (Table VII-2). Some of these thresholds were not published in the literature and instead required derivation from aquatic values with an ACR. This was conducted with the most conservative ACR (i.e., the one that would yield the lowest chronic toxicity thresholds after transformation and therefore the largest prediction of risk), as I hypothesized that the risk predicted would not be large and therefore wanted to be overly protective in the assessment. However, the prediction of risk using this modeling method is limited in its use, for example, in this case it could only be concluded that there was no risk to fish from PFOS exposure in the reach of Mack’s Bayou downstream of Weapon’s Bridge in August, 2013. Indeed, the true utility of the model is that risk assessors may use it to predict risk for individual reaches of exposed rivers by collecting water samples in the field and then building a robust distribution of potential exposure that can be compared to appropriate benchmarks of effect. Additionally, it must be considered that although these results indicate that fish are less sensitive to PFOS than many other aquatic species, this may be due to the duration of the studies used to derive these thresholds. For example, a 47-day exposure to P. promelas represents a much smaller fraction of the life cycle of that species than does a 21-day exposure for D. magna. Therefore, it is possible that chronic exposures of a longer duration would decrease the threshold at which adverse effects are observed in fish.
These results are of particular importance because BAFB was a location at which AFFFs were used heavily in close proximity to the sites at which the water used in this assessment was collected. Further, the water concentration values from these collections represented most of the higher concentrations in the literature. Mack’s Bayou is a flowing water body with the ability to carry dissolved and suspended PFOS downstream and out of the system. Therefore, the elevated concentrations observed at this site are likely due to contaminated groundwater acting as a source for continued exposure. In a system with less flow and therefore less ability to remove PFOS, such as an oxbow lake or catchment pond, maintained PFOS concentrations, and therefore risk of threshold exceedance, would likely be even higher than at BAFB. 
The risk assessment for water concentrations in the literature indicated minimal risk to the vast majority of species. Only 6.3% of mean water concentrations exceeded the most sensitive endpoint, the predicted NOEC for all species (Qi, et al. 2011). Furthermore, endpoints more commonly recognized as protective of communities in risk assessments, such as the HC5, were only predicted to be exceeded by 1.2% of mean water concentrations. The probabilities of exceedances were greater for the 75th and 95th percentile but below 3% for the HC5, HC10, and the benchmark of Giesy, et al. (2010). The risk interpretation of these results is that there is a low probability (75th and 95th percentile of water concentrations) of low effects (exceedance of HC5). In general, these results are a promising sign that the phase-out of PFOS may have been successful in preventing the concentration of these chemicals from reaching a point, despite their persistence, where they would remain a threat for a long period of time.
However, much uncertainty exists within this assessment, both with the creation of exposure distributions and the selection of chronic toxicity endpoints. Many manuscripts in the literature only report a range and measure of central tendency for PFOS concentration. Several manuscripts reported on concentrations after a spill but these were not deemed relevant to this assessment because high concentrations are not maintained for a chronic duration. The reports identified as relevant spanned a wide variety of collection locations, providing a reasonable estimate of background concentrations in surface waters throughout the world. However, additional collections would increase the robustness of the data set and decrease the confidence interval associated with the CDF. Collecting water concentration data at locations near historical point sources of PFOS usage would also aid in improving the data set. Furthermore, these collections would allow for risk assessments to be completed for the areas of greatest concern.
The inclusion of more toxicity test results of a chronic duration for PFOS would also further improve the reliability of these assessments. Despite being of a chronic duration, many of the study endpoints used in the current assessment represent a period of exposure that is much shorter than what an organism would experience in the environment. Therefore, the inclusion of tests of a longer duration would aid in the development of more a more accurate SSD. Furthermore, the chronic toxicity thresholds for several taxa required estimation with an ACR (Kenaga 1982). To increase the conservativism of the assessment, the largest ACR was used, which decreased the value of the predicted chronic toxicity threshold. Determining the actual value of these thresholds would increase confidence in the risk assessment process. The addition of more data points to the SSD will decrease the width of the error bars and increase the confidence in risk predictions (Wheeler, et al. 2002). Increasing the scientific knowledge of chronic toxicological thresholds with a greater range of species, particularly to expand the distribution with other taxa and to determine if a more sensitive species exists, would also increase the confidence of risk assessments for the chemical. Additionally, as the use of NOECs has been a source of much debate within the scientific community, generating more of these values and refining those currently in the literature will also increase the confidence in risk estimates (Aldenberg and Jaworska 2000). Thresholds observed in toxicity testing for the same species may also vary based on experimental setup (Elphick, et al. 2011), duration (see the guidelines of US EPA 2015), and endpoint. Particular care must be taken that the endpoint in a selected chronic test is ecologically relevant (Forbes and Calow 2002). However, the protective threshold calculated by Giesy, et al. (2010) was very similar to the HC5 for all species calculated by this assessment. This similarity indicates that toxicity testing in the years since the review of Giesy, et al. (2010) has not identified additional sensitive species that have dramatically affected the most sensitive part of the SSD. Therefore, it is possible that further testing for sensitive species will not significantly alter the results of risk assessments.
Another set of data that would improve the risk assessment of PFASs would be those involving mixture concentrations and toxicity. As seen in Cochran (2015), PFOS is generally present concurrent with other chemicals, as multiple PFAS were included in AFFFs, and degradation can yield multiple PFAS (Liu and Avendano 2013). My work with A. aegypti (Chapter V) showed that the presence of multiple PFASs in a mixture may dramatically decrease the threshold at which toxicity occurs from the value for a single chemical. This observation implies that the risk assessments presented within this chapter may also be underestimating risk, since these assessments only simulate risk for PFOS alone. To build an understanding of the risk of PFAS mixtures would require developing knowledge of both the toxicological effects and range of concentrations at which these mixtures are present in the environment (Borgert, et al. 2004, Relyea 2009). This would, understandably, be a large undertaking, but would certainly aid in the development of more appropriate risk models for this class of chemicals.
	Ultimately, more work is necessary in order to improve the confidence associated with risk assessments for PFOS. The persistence of the chemical and its relative lack of toxicity for acute exposures means that chronic toxicity tests are a better measure of the threshold at which toxic effects may been observed. Unfortunately, little research is available in the literature that investigates exposures of this duration. Further, studies are only available for a few taxa, primarily those used in standard toxicity tests. It is of crucial importance to consider the toxicity of PFASs in terms of long-term exposures to a wide variety of species, since the chemical can be detected in water samples throughout the world. Furthermore, the increased toxic effects that mixtures of PFASs alone and PFASs with other chemicals can have should not be ignored moving forward. It is possible that more refined risk assessments, including factors that are more representative of the reality of environmental exposure, would predict significantly more risk than was observed in these preliminary assessments. Therefore, the results of this preliminary assessment should be viewed as an important first step in characterizing the risk of PFOS to aquatic communities that may be built upon for further refined assessments that can even more accurately estimate risk.
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[bookmark: _Ref476863408][bookmark: _Toc477278990][bookmark: _Ref473926611]Table VII-1. Benchmarks from the literature and calculated HC5 and HC10 values for chronic exposure to organisms. Separate HC5 and HC10 values were determined for fish and all aquatic animals.
	Benchmark (µg/L)

	HC5
	HC10
	Predicted NOEC 
(Qi, et al. 2011)
	Secondary Chronic Value
(Beach, et al. 2006)
	Continuous exposure (Giesy, et al. 2010)

	Fish only
	All aquatic species
	Fish only
	All aquatic species
	
	
	

	17.5
	4.75
	29.4
	10.3
	0.61
	1.2
	5.1




[bookmark: _Ref476863342][bookmark: _Toc477278991]Table VII-2. Chronic endpoints used for creating a species sensitivity distribution for PFOS exposure. Calculated geometric means for species with more than one endpoint are presented in parentheses within the NOEC column.
	Scientific name
	Duration
	Endpoint
	NOEC (µg/L)
	Citation

	Brachionus calyciflorus
	4-d
	Reproduction
	125
	(Zhang, et al. 2014)

	Daphnia magna
	21-d, 
25-d
	Survival, Reproduction
	(642)
	(Boudreau, et al. 2003, H. Li, 2010, Jeong, et al. 2016)

	Chironomus tentans
	10-d
	Survival, Growth
	2.3
	(MacDonald, et al. 2004)

	Pimephales promelas
	47-d
	Survival
	290
	(Drottar and Krueger 2000a)

	Enallagma cyathigerum
	>300-d
	Growth
	10
	(Bots, et al. 2010)

	Mysidopsis bahia
	35-d
	Growth, Reproduction
	240
	(Drottar and Krueger 2000b)

	Oncorhynchus mykiss
	4-da
	Survival
	(189)
	(Sharpe, et al. 2010, Palmer, et al. 2002a)

	Danio rerio
	70-d, 
157-d, 180-d
	Survival, Reproduction
	(29)
	(Du, et al. 2009, Wang, et al. 2011, Cui, et al. 2016)

	Cyprinodon variegatus
	4-da
	Survival
	714
	(Palmer, et al. 2002b)

	Rana pipiens
	35-d
	Survival
	3000
	(Ankley, et al. 2004)

	Xenopus laevis
	4-da
	Development
	230
	(Palmer and Krueger 2001)

	Aedes aegypti
	44-d
	Survival
	50
	Chapter IV

	Lymnaea stagnalis
	21-d
	Survival
	3000
	Chapter V

	aAcute toxicity endpoint modified to chronic with ACR (Qi, et al. 2011)




[bookmark: _Ref475880546][bookmark: _Toc477278992]Table VII-3. The probabilities of PFOS water concentrations from Mack’s and Cooper’s Bayou, BAFB, exceeding protective benchmarks. The HC5 and HC10 were derived from species sensitivity distributions of a variety of aquatic taxa.
	Location of water body
	Benchmark

	
	HC5
	HC10
	Predicted NOEC 
(Qi, et al. 2011)
	Secondary Chronic Value
(Beach, et al. 2006)
	Continuous exposure (Giesy, et al. 2010)

	Toxicity threshold (µg/L)
	4.75
	10.3
	0.61
	1.2
	5.1

	Upstream BAFB
	0.043
	0.025
	0.177
	0.116
	0.041

	Weapon’s Bridge BAFB
	0.044
	0.023
	0.208
	0.136
	0.042

	Downstream BAFB
	0.084
	0.043
	0.336
	0.229
	0.079

	Worldwide, from the literature
	Mean
	0.012
	0.007
	0.063
	0.041
	0.010

	
	75th percentile
	0.022
	0.009
	0.102
	0.063
	0.020

	
	95th percentile
	0.026
	0.010
	0.118
	0.073
	0.025





[bookmark: _Ref476870769][bookmark: _Toc477278993]Table VII-4. The probabilities of the 75th and 95th percentile PFOS water concentrations from Mack’s and Cooper’s Bayou, BAFB, exceeding the calculated HC5 for aquatic organisms, of 4750 ng/L.
	Location of water body
	Percentile
	Probability of exceedance

	Upstream BAFB
	75th
	0.069

	
	95th
	0.134

	Weapon’s Bridge BAFB
	75th
	0.077

	
	95th
	0.162

	Downstream BAFB
	75th
	0.117

	
	95th
	0.181
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[bookmark: _Ref473971473][bookmark: _Toc477279321]Figure VII-1. Species-sensitivity distribution generated from no-observed effect concentrations (NOECs) for chronic exposure of aquatic species to perfluorooctane sulfonate (PFOS). Chronic endpoints were chosen because PFOS is persistent in aquatic systems. Additionally, endpoints chosen were only those that would directly and obviously cause population-level effects, such as survival, growth, and reproduction. The place where the horizontal dashed line crosses the curve shows the concentration at which 5% of species are likely to be adversely affected by exposure to PFOS. The red dashed lines represent the 95% confidence interval of the curve.

[bookmark: _Ref473966489][bookmark: _Toc477279322][image: ]Figure VII-2. A cumulative distribution function for water concentrations of perfluorooctane sulfonate (PFOS) in the downstream reach of Mack’s Bayou, Barksdale Air Force Base (BAFB), Shreveport, LA, as collected by Cochran (2015). This Bayou is located near two fire-training areas at which aqueous film forming foams containing PFOS were historically used. The red dashed lines represent the 95% confidence interval of the curve. 
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[bookmark: _Ref475878174][bookmark: _Toc477279323]Figure VII-3. The modeled maximum exposure concentration for fish downstream of the Weapon’s Bridge site at BAFB for August, 2013 (data from Cochran, 2015). Exposure was calculated using the NetLogo model presented in Chapter III of this dissertation, modified so that the output parameter was maximum exposure concentration at each time-step. The red dashed lines represent the 95% confidence interval of the curve.
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[bookmark: _Ref473966480][bookmark: _Toc477279324]Figure VII-4. Cumulative distribution functions for water concentrations of perfluorooctane sulfonate (PFOS). The water concentrations in this figure were taken from a literature search for concentrations that are maintained in the environment rather than those present in the immediate aftermath of a spill event. The black solid and black dashed lines represent the curve generated by the mean of the values and the 95% confidence interval of that curve, respectively. The blue and red lines represent the 75th and 95th percentile curves, respectively, generated from the means and standard deviations of the reported concentrations.


CHAPTER VIII
[bookmark: _Toc477278906]CONCLUSION
	This work provides important information regarding the toxicity and potential ecological risk of perfluorooctane sulfonate (PFOS) to aquatic organisms, as well as a brief investigation into the toxicity of perfluorohexane sulfonate (PFHxS) and the potential for synergistic effects of mixtures of per- and polyfluorinated substances (PFASs). In Chapter II, a methodology for completing laboratory testing with PFAS compounds was presented, which involved the use of pipette tip aeration, biweekly water changes, and polyethylene exposure tanks. A bioaccumulation model was presented in Chapter III that can be used to predict PFOS concentration in three fish tissues from surface water concentrations. When compared to actual field data, the models provided reasonable estimates of fish tissue concentrations, generally within an order of magnitude of measured tissue concentrations. Also, a demonstration of the utility of the model included simulating fish movement in a stream with heterogeneously distributed PFOS concentrations, which provided a range of exposure potentials and outcomes. Toxicity testing with the snail, Lymnaea stagnalis, was presented in Chapter IV, wherein five different life stages were exposed to equal concentrations of PFOS for 21 days and endpoints related to survival, growth, and reproduction were observed. The most sensitive endpoint and life stage evaluated was for survival of adults, suggesting that more sensitive un-evaluated sub-lethal endpoints that would have an effect at the population level may exist. However, adults were not the most sensitive life stage for each endpoint, indicating the need to complete toxicity testing for a variety of life stages to determine threshold concentrations. A potentially PFAS-sensitive organism, the mosquito Aedes aegypti, was exposed to PFOS, PFHxS, and a mixture of the two chemicals for the duration of its aquatic life-cycle and these results were given in Chapter V. Although A. aegypti was not found to be the most sensitive organism to PFOS, a significant increase in toxicity was observed when organisms were exposed to a mixture of PFASs rather than an individual chemical. The difference was of a large enough magnitude to suggest that adverse effects could be observed due to environmental mixtures of PFASs to the most sensitive organism evaluated, Chironomus tentans (MacDonald, et al. 2004). The results of a field collection of the oyster Crassotrea virginica were reported in Chapter VI. The concentration of PFOS in the oysters collected were compared to those observed in a previous study (Kannan, et al. 2002), which indicated that the burden of PFOS in environmental samples is likely on the decline, providing some evidence that the voluntary phase-out implemented in 2003 may be having the desired effect. Finally, a probabilistic risk assessment for aquatic species at a heavily PFAS-exposed site, Barksdale Air Force Base, Shreveport, LA, was completed and these results were presented in Chapter VII. The assessment indicated that the risk due to PFOS exposure is minimal for the vast majority of species but that the most sensitive organisms may be at risk, particularly at highly contaminated locations. Furthermore, the potential additional toxicity of PFAS mixtures could increase the risk of exposure when compared to PFOS alone.
	The work presented herein remains relevant despite the phase-out of several PFASs in North America for a number of reasons, including 1) Although production of many potentially harmful PFASs has stopped in North America, stockpiles of these chemicals still exist and may be used; 2) PFOS and PFOA are still produced and used in China, thereby increasing the total amount of these chemicals in the environment (Liu, et al. 2017); 3) PFOS may be the ultimate degradation product of several perfluorinated chemicals in the environment (Beach, et al. 2006); 4) The historical use and persistence of PFASs suggest that environmental exposures are likely to continue for many years to come; 5) PFOS has recently been detected in samples collected in the Arctic, suggesting a global transport mechanism (Martin, et al. 2004). Therefore, the methods, models, and toxicity data presented within this work will aid researchers to better assess and predict the risk of PFOS and similar chemicals in the environment.
	However, although this work provides important information about PFOS and PFHxS, much more research is needed for the scientific community to better understand PFASs and the potential for risk to ecological systems. Chronic toxicity testing with these long-lived chemicals is crucial and under-represented in the literature. Furthermore, because PFASs rarely occur individually in the environment, toxicity tests must be carried out with environmentally relevant mixtures of these chemicals, and for chemicals for which synergy would be predicted. Care must be taken to ensure that potentially sensitive species, life stages, and endpoints are being evaluated, particularly since this work has shown that adverse effects are not always observed as predicted. The detection of PFASs in the Arctic (Martin, et al. 2004) further indicate the need for novel testing to provide an extensive understand of the behavior and risk of these chemicals in the environment, as this biome may be rapidly and dramatically altered in the near future due to a variety of anthropogenic stressors including toxicants and global climate change (Jenssen 2006).
To summarize, this research presents important toxicity testing and a means of assessing individual exposure, burden, and community-level risk. Chronic toxicity tests with PFOS have been shown to have toxic effects at concentrations much lower than those that cause effects at an acute duration and therefore it is crucial that further work with PFASs use test durations that more accurately represent the potential of these chemicals to be maintained in the environment. Further, this work highlights the necessity of testing the potential toxicity of a chemical along with commonly co-occurring chemicals including other PFASs. With this information, a better understanding of the risk posed to aquatic systems by PFASs will be gained.
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APPENDIX A

[bookmark: _Toc477278907]CODE TO PRODUCE THE BIOACCUMULATION MODELS FOR UPTAKE AND DEPURATION IN PROGRAM R



The code presented below uses data from Martin, et al. (2003) for uptake and depuration into and out of the carcass of rainbow trout, Oncorhynchus mykiss. Pound signs (#) and the text that follows on a line may be ignored when importing into R (R Core Team, 2016).

To parameterize the model from Newman (2012):
t=0:1080 #This is the number of total hours of the experiment
Cw = .00035 #This is the concentration in water, in µg/mL
Cf = 0 #This is the concentration in food, in µg/mL
C0 = 0.00000 #This is the initial concentration of PFOS in the fish, in µg/mL
U.w=10.833333333 #This is the rate of uptake of PFOS from water, in this case a 
modified version of the value found in Martin, converted to mL/g*hr
D.w=.0020833333 #This is the rate of depuration of PFOS from water inputs, in this case 
a value found in Martin
W.d=(D.w+D.f)/2 #This is the average depuration value from food and water
U.t=288 #This is the amount of time for which Martin ran their uptake part of the 
experiment
H.l=15*24 #This is the half-life of PFOS according to Martin, in hours

output=
ifelse(t<=U.t,((U.w*Cw)/D.w)*(1-(exp(-D.w*t)))+(C0*(exp(-D.w*t))),
(((((U.w*Cw)/D.w)*(1-(exp(-D.w*U.t)))+
(C0*(exp(-D.w*U.t))))*(.5^((t-U.t)/H.l)))))
output



To parameterize the model from Liu, et al. (2011):
t.l=0:1080 #This is the number of total hours of the experiment
BAF=1100 #The calculated bioaccumulation factor in the tissue, L/kg
Cw.l=.00035 #The initial concentration in water, in µg/mL
Ku=53/24 #The uptake rate in the tissue, in L/kg/hr
Ke=0.048/24 #The elimination rate in the tissue, in hr-1
U.l=288 #This is the amount of time for which Martin ran their uptake
H.d=15*24 #This is the half-life of PFOS in the tissue according to Martin, in hours

output.x=
ifelse(t.l<=U.l,BAF*Cw.l*(1-exp(-(Ku*Cw.l+Ke)*t.l)),
(BAF*Cw.l*(1-exp(-(Ku*Cw.l+Ke)*U.l)))*.5^((t.l-U.l)/H.d))

output.x
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APPENDIX B

[bookmark: _Toc477278908]CODE TO PRODUCE THE SPATIALLY-EXPLICIT BIOCONCENTRATION MODEL IN NETLOGO


The following code is color-coded as it would appear within NetLogo. Sliders must be made on the “Interface” tab to set water concentration values for one.mean, one.sd, four.mean, four.sd, three.mean, three.sd, two.mean, two.sd, five.mean, five.sd, BAF, Ku, and Kd. Alternatively, those values can be used to replace the variables within the code. However, this model is set to expect exposure concentrations in ng/mL, and will provide outputs with the same units. Plots must be made on the Interface tab for Average fish burden and Maximum fish burden. Additionally, an output window must be initialized on the same tab. The code here is built to predict fish liver exposure using the uptake and depuration values from Martin, et al. (2003). Double semicolons (;;) and the text that follows on a line may be ignored when importing into NetLogo.

breed[fish]
patches-own [PFOS]
fish-own [concentration conc-last home-x home-y]

to setup
  resize-world -1 10 -20 30 ;;changing this changes the size of the world. If changed, the 
;;size of the river sections will need to be changed as well
  clear-all
  set-default-shape fish "fish"
  create-fish 100 [ ;;the number of fish is alterable here
    setxy random-xcor random-ycor
    set conc-last 0
    set home-x pxcor
    set home-y pycor
    set size 2 ;;changing this value changes the size of the fish in the figure
    set color 26 ;;changing this value chances the color of the fish in the figure
    ;;output-print home-x  ;;this line to make sure home-x is working
    ;;output-show home-y  ;;this line to make sure home-y is working
  ]
  reset-ticks
  ask patches[
    ;;set PFOS 1    ;;This line can be turned on to make sure that uptake is working as it 
;;should be.
    ifelse pycor > 20 [set PFOS random-normal one.mean one.sd] [
      ifelse pycor > 10 [set PFOS random-normal two.mean two.sd] [
        ifelse pycor > 0 [set PFOS random-normal three.mean three.sd] [
          ifelse pycor > -10 [set PFOS random-normal four.mean four.sd] [
        set PFOS random-normal five.mean five.sd]]]]
    if PFOS < 0 [set PFOS 0]
    ]
  ;;diffuse PFOS 0.9  ;;This line can be turned on to diffuse the PFOS to make less 
;;dramatic differences between each patch
  ask patches[
    set pcolor scale-color blue PFOS 2 0 ;;for concentrations higher than 2, the larger value 
;;will need to be altered here
  ]
  ask fish[
    set concentration 0
  ]
end


to go
  ask fish [ move-fish
  ]
    dose
  tick
  if ticks > 249[output-show mean [concentration] of fish output-show max 
[concentration] of fish stop] ;;this should appear all on one line in NetLogo. Ticks ;;may be changed based on the duration of the exposure desired
end

to move-fish
  ask fish [
        ifelse ((distancexy home-x home-y) > 10) ;;changing this value alters the home 
;;range
        [facexy home-x home-y
          forward 1]
        [right random 360
          forward 1]
    ]
  if not can-move? 1 [ rt 180 ]

end

to dose
   ask fish[
     set conc-last concentration
    if [PFOS] of patch-here > 0 [ set concentration BAF * ([PFOS] of patch-here / 1000) * 
( 1 - e ^ (-1 * (( (Ku) * ([PFOS] of patch-here / 1000) ) + Kd)))) + (conc-last * e ^ (-Kd)))]
	;;these values may be changed depending on the species and tissue
    if [PFOS] of patch-here = 0 [set concentration (conc-last * e ^ (-.002))]
    if concentration < 0 [set concentration 0]
  ]
end
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